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ABSTRACT 

 

Clean water supply and adequate sanitation services are critical for public health as well 

as for food production. Small-scale decentralized treatment represents an attractive 

alternative that can provide necessary water treatment in many parts of the developing world 

where centralized wastewater treatment facilities are not practical owing to financial, 

geographical, or political constraints. Electrochemical oxidation (EO) is a suitable technique 

for decentralized treatment settings since it does not require the addition of auxiliary 

chemicals and offers fast reaction kinetics and modular treatment capacity. EO is considered 

a versatile technology since it can degrade a wide array of contaminants and inactivate 

waterborne pathogens. The chemical composition of the anode, where EO takes place, is a 

key factor that controls reactive species production and thus treatment efficiency and energy 

consumption. Ideal anodes for wastewater treatment should have high overpotential for 

oxygen evolution (“nonactive” anodes) and favor complete organics oxidation through direct 

electron transfer and/or reactions with potent oxidants such as hydroxyl radical and ozone. 

Common nonactive anodes including antimony-doped tin oxide (Sb-SnO2), lead oxide 

(PbO2), and boron-doped diamond (BDD) have attracted wide research interests. The work 

presented in this thesis centered around a newly designed heterojunction Ni-Sb-SnO2-based 

anode (NAT/AT) and its various applications in decentralized water and wastewater 

treatment. Direct treatment using NAT/AT has proved to be efficient for chemical oxygen 

demand removal, trace organic compound degradation, and microbial disinfection. Detailed 

investigation into pharmaceutical degradation kinetics and transformation products further 

established NAT/AT as a potential treatment alternative for the control of pharmaceuticals 

and their metabolites in hospital wastewaters. NAT/AT is also capable of synthesizing 

ferrates (e.g., FeO4
2-) in circumneutral conditions, the high oxidation state iron species that 

represents another group of powerful oxidants well-suited for decentralized treatment 

purposes. In an additional effort to tackle high concentrations of ammonium often present in 

latrine wastewaters, functionalized metal-organic framework (MOF), a class of materials 

featuring high porosity, abundant active sites, and highly tunable physical and chemical 
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properties, was used to recover the ammonium nitrogen. Various modifications of MOF-

808, a highly water stable MOF, were designed and synthesized to achieve urea hydrolysis, 

ammonium capture, and real-time ammonium sensing in sequence. In combination, the 

described works provide a powerful toolkit that can be used in treating various waste streams 

before discharge and/or reuse. 
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C h a p t e r  1  

INTRODUCTION 

 

1.1 Background and Motivation 

Clean water supply is critical for public health as well as for food production. Currently, 

over 2 billion people around the world use drinking water sources that are contaminated with 

fecal matter.1 Meanwhile, more than 1.7 billion people lack basic sanitation facilities 

including latrines and private toilets.2 Inadequate sanitation services and the continued 

practice of open defecation in developing regions of the world have led to the spread of 

water-borne diseases and millions of attributed deaths each year.3 While centralized 

wastewater treatment facilities are not practical in many parts of the developing world owing 

to financial, geographical, or political constraints, small-scale decentralized treatment 

represents an attractive alternative that can provide necessary water treatment for discharge 

and/or reuse. 

Electrochemical oxidation (EO) is an attractive technique that does not require the 

addition of chemical reagents. EO provides for fast reaction kinetics, modular treatment 

capacity, and easy modes of operation.4,5 It has been demonstrated to be particularly useful 

for the purpose of decentralized onsite treatment.4,5 EO redox systems are suitable for 

removing chemical oxygen demand (COD), treating recalcitrant chemical contaminants, and 

inactivating pathogens in concentrated wastewater streams.4,5 

In the built environment, viruses can survive in toilet wastewater and be transmitted via 

aerosols produced during flushing and aeration.6 Moreover, toilet wastewater can be a major 

sink of micro-pollutants such as pharmaceuticals and personal care products (PPCPs), as a 

significant amount of ingested pharmaceuticals is excreted either partially metabolized or 

unmetabolized through urine and fecal matter.7,8 In previous studies, EO wastewater 

treatment has also been shown to be cost-effective for microbial disinfection and PPCPs 

removal in bench-top prototypes and full-scale applications.9–11 
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In electrochemical processes, treatment is achieved through reactions with the oxidizing 

species (e.g. hydroxyl radicals, free chlorine, and ozone) generated at the anode as well as in 

some cases direct electrolysis on the electrode surface. The chemical composition of the 

anodes is a key factor that controls reactive species production and thus the relative treatment 

efficiency and overall energy consumption during electrochemical oxidation. Electrodes that 

do not depend on the use of platinum-group metals are essential in reducing capital costs. 

Anodes can be categorized into two classes – “active” and “nonactive” – depending on the 

nature of the materials.4 Examples of “active” and “nonactive” anodes include iridium oxide 

(IrO2) and boron-doped diamond (BDD), which are often used for chlorine evolution and 

free radical production, respectively. However, IrO2 and other active anodes are not ideal for 

organic degradation since, with oxidation largely dependent on active chlorine, they do not 

facilitate complete contaminant oxidation.4 Nonactive anodes, on the other hand, are more 

suitable for wastewater treatment since they have high oxygen evolution overpotential and 

favor complete oxidation of organics to CO2.4 In the specific case of BDD electrodes, 

however, the high capital cost (e.g., >$7000/m2 for BDD) and poor mechanical strength (e.g., 

brittle substrate) of the material prohibit economical large-scale applications.5,12 

Similar to BDD, antimony-doped tin oxide (Sb-SnO2, AT) is also a nonactive anode. 

Pristine SnO2 is a wide bandgap (Ebg = 3.6 eV) n-type semiconductor, and antimony is 

commonly used to increase its conductivity.13,14 It is easy to prepare (by dip- or brush-coating 

methods with annealing at 400-600°C) and can generate a variety of oxidizing species. It is 

often used under high anodic potentials to oxidize an array of chemical contaminants.15,16 

Moreover, multiple metal precursors can be homogeneously blended into the precursor 

coating solutions to generate metal-doped Sb-SnO2 electrodes. On modification of Sb-SnO2, 

nickel and antimony-doped tin oxide (Ni-Sb-SnO2, NAT), has been reported to produced 

ozone (O3) during electrolysis in acidic electrolytes and could potentially be used to produce 

O3 gas at lower DC voltages as an alternative to the high-voltage ozonator.17 Ni-Sb-SnO2 

anodes have also been used in the electrochemical oxidation of organic compounds in water 

and O3 produced during electrolysis has been found to enhanced target compound 

degradation.18  
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Hydroxyl radical (·OH) is a key oxidant produced during oxygen evolution reaction 

(OER) in the absence of chloride. However, the reported current efficiency (CE) for ·OH 

production using a boron-doped diamond electrode is <0.05%.19 The majority of the anodic 

current is applied toward achieving oxygen production, which does not contribute to the 

oxidation of target chemical species. However, a nickel and antimony-doped tin oxide 

electrode can oxidize water to O3 along with ·OH at high current density. Thus, in situ O3 

production at Ni-Sb-SnO2 provides another oxidation pathway as well as an additional source 

of ·OH due to O3 transformation.20  

Given that AT has excellent electron shuttling capability to serve as an ohmic contact,21 

and that NAT shows superior EO reactivity coupled with a lower potential for Sb leaching, 

a heterojunction anode was constructed with NAT on top of AT coated on the titanium base-

metal substrate. The work presented in this thesis thus centered around this newly designed 

heterojunction Ni-Sb-SnO2-based anode (NAT/AT) and its various applications in 

decentralized water and wastewater treatment. 

 

1.2 Thesis Organization 

Chapter 2 describes the electrode design, characterization, mechanistic investigation, and 

performance evaluation. NAT/AT was found to be durable and can reduce Sb leaching due 

to the lower Sb concentration in the top layer. It was also demonstrated to be efficient for 

microbial disinfection, waste pharmaceutical degradation, and onsite human wastewater 

treatment. Experimental and computational methods were combined to provide a new 

mechanism for O3 activation to ·OH at the electrode/electrolyte interface. Results from this 

work showed that NAT/AT holds great potential in treating trace organic compounds 

including pharmaceuticals in wastewater streams, given that compounds with both fast and 

slow reaction rate constants with O3 could potentially be removed at fast rates. 

Chapter 3, following the work in Chapter 2, further probes the applicability of NAT/AT 

in treating pharmaceuticals, an important group of emerging environmental contaminants. 

Degradation kinetics and transformation products (TPs) were studied for carbamazepine 

(CBZ) and fluconazole (FCZ), two of the top 100 commonly used pharmaceuticals with 

significantly different reaction rates with O3. The NAT/AT anode demonstrated promising 
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performance in degrading a range of pharmaceutical compounds as well as their 

transformation products. NAT/AT, compared to BDD, could achieve similar or better 

removal with lower energy consumption. It could represent a more economical and efficient 

method for water treatment practices that is capable of large-scale implementation. 

Moreover, treatment of a similar waste stream suggested that electrolytic oxidation with 

NAT/AT could also provide a suitable treatment alternative for the control of 

pharmaceuticals in hospital wastewaters. 

Chapter 4, instead of focusing on treatment using NAT/AT directly, reports on the 

application of NAT/AT in the circumneutral electrosynthesis of the high oxidation state iron 

species ferrates, another group of powerful oxidant. Ferrates are also well-suited for 

decentralized treatment purposes, since they are not known to form toxic disinfection 

byproducts and Fe3+, their reduced product, is non-toxic and can function as a coagulant. 

Investigation into generation kinetics and stability and speciation of the formed iron species 

indicated NAT/AT as a potential alternative to the conventional and costly BDD electrodes. 

Chapter 5, while still dealing with the broader topic of decentralized treatment, shifts the 

focus from NAT/AT anode itself to ammonium (NH4
+), one commonly occurring component 

that often poses as a problem especially during latrine wastewater treatment. In all works 

described in the above chapters, removal of NH4
+ from latrine wastewater proved to be very 

difficult using both NAT/AT and BDD. Waste streams high in NH4
+, when discharged, can 

lead to serious problems such as eutrophication. It also represents a huge waste of nitrogen 

that can potentially be recovered as a source for fertilizers. The work in this chapter thus 

explored another possibility to recover nitrogen from urine using functionalized metal-

organic frameworks (MOFs), a class of materials featuring high porosity, abundant active 

sites, and highly tunable physical and chemical properties. Specifically, various target-

oriented modifications of MOF-808, a highly water stable MOF, were designed and 

synthesized. By incorporating different functional groups onto the MOF-808 backbone, urea 

hydrolysis, ammonium capture, and real-time ammonium sensing can be achieved in 

sequence. 
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C h a p t e r  2  

APPLICATION OF HETEROJUNCTION NI-SB-SNO2 ANODES FOR 

ELECTROCHEMICAL WATER TREATMENT 

 

Zhang, Y.; Yang, Y.; Yang, S.; Quispe-Cardenas, E.; Hoffmann, M. R. Application of 

Heterojunction Ni-Sb-SnO2 Anodes for Electrochemical Water Treatment. ACS EST Eng. 

2021, 1 (8), 1236-1245. https://doi.org/10.1021/acsestengg.1c00122. 
 

2.1 Abstract 

Electrochemical oxidation can be used for decentralized wastewater treatment without 

the addition of chemicals. Antimony-doped tin oxide (Sb-SnO2: AT) provides a catalytic 

anode coating that is easily prepared at a relatively low cost. However, there is the potential 

of Sb leaching during use. To overcome this problem, a heterojunction anode is developed 

that uses an AT oxide layer as ohmic contact and a nickel-doped AT oxide layer (NAT) with 

a substantially lower Sb content as an outer catalytic layer (NAT/AT). The two-layer 

NAT/AT anode has significantly longer operational lifetimes, lower Sb leaching potential, 

and higher activities for free radical generation and ozone production than either layer when 

used alone. Based on experimental results in combination with theory, an anodic ozone 

activation pathway at the acidic electrode/electrolyte interface is identified as a key ·OH 

source coupled with direct ·OH production via water electrolysis. The NAT/AT anode 

outperforms commercial anodes (e.g., boron-doped diamond and IrO2) for organic 

compound destruction and for microbial disinfection. One-log removal of carbamazepine 

(surface area-normalized first-order rate constant kCBZ,SA = 1.13 × 10-3 m/s) and five-log 

inactivation of E. coli and MS2 virus is achieved within 60 s in synthetic electrolytes. Even 

though electrochemical efficiency is lower in the case of latrine wastewater treatment, the 

energy consumption (e.g., 3.9-14.0 kWh/m3) is low compared to previously reported values. 

Keywords: Double-layer Ni-Sb-SnO2 anodes, Anodic ozone activation, Organic 

compound degradation, Microbial disinfection, Wastewater treatment 
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2.2 Introduction 

Electrochemical oxidation (EO) is useful for small-scale, decentralized wastewater 

treatment systems that do not require the addition of chemical reagents, but provides for fast 

reaction kinetics, modular treatment capacity, and easy modes of operation.1,2 EO redox 

systems are also suitable for treating recalcitrant chemical wastes and inactivating pathogens 

in concentrated wastewater streams. 

In developing regions of the world, inadequate sanitation facilities and the continued 

practice of open defecation have led to the spread of water-borne diseases and millions of 

attributed deaths each year.3 In the built environment, viruses can survive in toilet wastewater 

and be transmitted via aerosols produced during flushing and aeration.4 Moreover, toilet 

wastewater can be a major sink of micro-pollutants such as pharmaceuticals and personal 

care products (PPCPs) as a significant amount of ingested pharmaceuticals is excreted either 

metabolized or unmetabolized through urine and fecal matter.5,6 In previous studies, EO 

wastewater treatment has been shown to be cost-effective for microbial disinfection and 

PPCPs removal in bench-top prototypes and full-scale applications.7–9 

The chemical composition of the anodes and, to a lesser extent, the cathodes is a key 

factor that often controls the relative treatment efficiency and the overall energy consumption 

during electrochemical oxidation and reduction. Electrodes that do not depend on the use of 

platinum-group metal are essential in reducing capital and operational costs. Iridium oxide 

(IrO2) and boron-doped diamond (BDD) electrodes are often used for chlorine evolution and 

free radical production, respectively. However, in the specific case of BDD electrodes, the 

high cost (e.g., $7000/m2) of the material prohibits economical large-scale applications.10 As 

an alternative to Pt-group metal oxide anodes, sub-stoichiometric Ti4O7 coatings on Ti metal 

may provide a lower-cost alternative for the degradation of recalcitrant chemical 

contaminants. However, a limitation in the use of Ti4O7 coated anodes arises from a 

production process that requires the reduction of TiO2 at high temperature in pure H2.12,13 

The antimony-doped tin oxide (AT: Sb-SnO2) anodes are prepared by dip- or brush-

coating methods with annealing at 400-600°C. They are often used under high anodic 

potentials to oxidize an array of chemical contaminants.14,15 Moreover, multiple metal 

precursors can be homogeneously blended into the precursor coating solutions to generate 
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metal-doped AT electrodes. Christensen et al.16 reported that nickel-doped AT (NAT: Ni-

Sb-SnO2) produced ozone (O3) during electrolysis in an acidic electrolyte and then proposed 

that a NAT anode could be used to produce O3 gas at lower DC voltages as an alternative to 

the high-voltage ozonator. Yang et al.17 used NAT anodes to electrochemically oxidize 

organic compounds in water (e.g., phenol) and reported that O3 produced during electrolysis 

enhanced the oxidation of target compounds. 

Hydroxyl radical (·OH) is a key oxidant produced during oxygen evolution reaction 

(OER) in the absence of chloride. However, the reported current efficiency (CE) for ·OH 

production using a boron-doped diamond electrode is <0.05%.18 The majority of the anodic 

current is applied toward achieving OER, resulting in a minimal contribution to the oxidation 

of target chemical species. However, a nickel-doped AT oxide electrode can oxidize water 

to O3 along with ·OH at high current density. Thus, in situ O3 production provides an 

additional source of ·OH due to O3 transformation.19 

Herein, we report on the development and application of a new heterojunction, SnO2-

based anode that minimizes Sb leaching, is durable, efficient for microbial disinfection, waste 

pharmaceutical products degradation, and for onsite human wastewater treatment. 

Experimental and computational methods are combined to provide a new mechanism for O3 

activation to ·OH at the electrode/electrolyte interface. 

 

2.3 Materials and Methods 

Electrode preparation and physicochemical characterization. Three types of 

electrodes were prepared: electrodes containing a single-layer AT coating, a single-layer 

NAT coating, and a double-layer coating with a NAT layer on top of the base metal (i.e., Ti 

metal) AT coating (NAT/AT). Clean titanium (Ti) plates (2 cm × 3 cm) were etched in a 1:4 

HF:HNO3 solution for 1 min before use. Deposition of the metal oxide coatings on the Ti 

plate was achieved by dip-coating in aqueous precursor solutions followed by calcination. 

The precursor solution for AT contained 360 mM SnCl4⋅5H2O (98%, Aldrich) and 40 mM 

SbCl3 (>99.0%, Aldrich), while precursor solution for NAT contained 360 mM SnCl4⋅5H2O, 

15 mM SbCl3, and 4 mM Ni(OCOCH3)⋅4H2O (98%, Aldrich). The Ti plate was dipped in 

the coating solution for 20 s, dried under room temperature, and annealed at 600°C for 10 
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min. This cycle was repeated until a desired mass loading level was attained, after which 

the plate was annealed at 600°C for 1.5 h. The mass loading level of the two single-layer 

electrodes was 1.3 mg/cm2. For the heterojunction anode, NAT(1.3)/AT(1.3 mg/cm2) was 

used for activity evaluations and accelerated lifetime tests. NAT(0.6)/AT(0.6 mg/cm2) was 

prepared exclusively for accelerated lifetime testing. IrO2 and BDD electrodes were 

purchased from Ecosan (China) and NeoCoat (Switzerland), respectively. 

Physiochemical characterization of the prepared electrodes was obtained using a 

scanning electron microscope (SEM, Zeiss 1550 VP) equipped with an Oxford X-Max SDD 

X-ray energy dispersive spectrometer (EDS) system for elemental distribution. 

Electrochemical characterization. All electrochemical tests were performed in an 

undivided electrolysis cell. An anode (6 cm2) was coupled to a stainless steel cathode (6 cm2) 

at a spacing of 5 mm. At the same spacing close to the anode, an Ag/AgCl reference electrode 

(BASI Inc.) was installed. Cyclic voltammetry (CV) and electrochemical impedance 

spectroscopy (EIS) were characterized using a Biologic VSP-300 potentiostat. CVs were 

measured in 100 mM sodium perchlorate (NaClO4) solutions using a scan rate of 0.05 V/s. 

The uncompensated resistance (Ru) in relevant electrolytes was determined by the impedance 

method at 100 kHz with a 20 mV sine wave. All anodic potentials (Ea) were corrected by the 

product of current (i) and Ru drop using equation Ea – iRu. EIS measurements were performed 

in aqueous solutions containing 350 mM K3Fe(CN)6, 350 mM K4Fe(CN)6, and 1.0 M KCl 

over the frequency range of 100 kHz to 0.1 Hz with a 10 mV sine wave.20 Perchloric acid 

(HClO4) or sodium hydroxide (NaOH) solutions were used to adjust pH. 

Electrolysis and analytical methods. All tests were conducted at a constant current 

density of 10 mA/cm2 in 25 mL solutions (specific surface area = 24 m2/m3). Both NAT/AT 

and NAT produced O3 during electrolysis. The dissolved O3 was measured using the indigo 

method.21 Headspace O3 concentrations were determined using an ambient ozone monitor 

(Horiba APOA-360). For O3 generation in NaCl solutions, malonic acid (MA) was added to 

selectively quench reactive chlorine species.21 Chlorine evolution (CER) rate measurements 

were performed in 30 mM NaCl solutions. Chlorine concentrations were measured by DPD 

(N,N-diethyl-p-phenylenediamine) reagent (Hach DPD Method 10102). Current efficiencies 

(η) for free chlorine and O3 generation were calculated using the following equation: 
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η =
nV𝐹 dC

I dt
 

where n is the electrons required to form one mole of Cl2 from Cl- (n = 2) or O3 from O2- (n 

= 6), V is the volume of electrolyte (25 mL), 𝐹 is Faraday constant (96,485 C/mol), and I is 

the current (A). The mass transfer rate constant for NAT/AT was determined using the 

limiting current technique.22 

Benzoic acid (BA, 1 mM), nitrobenzene (NB, 1mM), phenol (Ph, 1 mM), and ibuprofen 

(IBP, 20 µM) were used as radical probes.23 The substrates were quantified using high-

performance liquid chromatography coupled with a UV detector (HPLC-UV). 

Carbamazepine, alone or in combination with four other common pharmaceutical products, 

was treated in both synthetic electrolyte solutions and human wastewater samples collected 

on campus. Parent pharmaceutical compound and transformation products were identified 

by an ultrahigh performance liquid chromatography system (Waters Acquity UPLC) coupled 

to a time-of-flight mass spectrometer (Waters Xevo GS-2 TOF). Metal (Sb and Ni) 

concentrations in electrolytes were quantified by inductively coupled plasma mass 

spectrometry (Thermo Scientific iCAP RQ ICP-MS). Details of analytical procedures are 

provided in SI Text 2.S1. 

E. coli was cultured in Luris-Bertani (LB) broth (BD Difco) and grown at 37°C for 15 

h.9 The bacterial suspension was centrifuged at 5000 rcf for 5 min and resuspended in 30 

mM NaClO4 or 30 mM NaCl electrolyte solutions. The resulting microbial suspensions had 

concentrations of ∼109 CFU/mL determined by optical density at 600 nm (OD600).24 The 

suspensions were subsequently used as bacterial stock solutions. For electrolysis, the freshly-

prepared stock was seeded into the electrolyte to an approximate concentration of 105-106 

CFU/mL, a value typically observed in environmental waters. Samples taken during 

experiments were spread evenly onto LB agar (BD Difco) plates. The plates were then 

incubated at 37°C for 15 h, after which colonies were counted to obtain concentrations. MS2 

was also seeded into the electrolyte to reach 105-106 PFU/mL. Sample concentrations were 

determined using the double agar layer method.25 
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Human wastewater was obtained from an electrochemical toilet prototype on the 

Caltech campus (Pasadena, CA). Prior to treatment, wastewater samples were filtered (0.45 

μm) and spiked with pharmaceuticals, E. coli., and MS2. 

Theoretical modeling. A kinetic model containing 102 elementary reactions obtained 

from literature was developed using the chemical kinetics software package, Kintecus 6.80.26 

Unknown rate constants were estimated by fitting the model with experimental data (more 

details provided in SI Text 2.S2). The model was evaluated in both NaClO4 and NaCl 

electrolytes to investigate the influence of chlorine species on O3 and ⋅OH generation and 

subsequent transformations. 

 

2.4 Results and Discussion 

Electrode characterization. Pristine SnO2 is a wide bandgap (Ebg = 3.6 eV) n-type 

semiconductor. Antimony is commonly used to increase its conductivity.27,28 However, 

leaching of Sb from AT anodes could be a concern for water treatment application for 

leaching levels greater than the WHO recommended drinking water quality guideline value 

of 20 ppb (20 μg L-1).29 Ni- and Sb- doping both increase the conductivity of SnO2 and 

facilitate the production of ozone.17,30 Furthermore, Sb doping also increases the stability of 

Ni-SnO2, which, in the absence of Sb, rapidly deactivated at 2.7 VRHE (potential versus 

reversible hydrogen electrode) within one minute (Figure 2.S1). Co-doping with Ni reduces 

the minimum required Sb doping level to 4 atom-%. As shown in Figure 2.S2, the 

conductivity of NAT (4 atom-% Sb) is comparable to AT (10 atom-% Sb). However, NAT 

appears to deactivate faster than AT during accelerated lifetime tests (Figure 2.S3). This 

result is most likely due to slow electron transfer kinetics from NAT to the Ti substrate and 

to the formation of a passivation layer between the two phases. Given that AT has excellent 

electron shuttling capability to serve as an ohmic contact,31 and that NAT shows superior EO 

reactivity coupled with a lower potential for Sb leaching (vide infra), a heterojunction anode 

was constructed with NAT on top of AT coated on the Ti base-metal substrate. 

A cross-sectional image of the resulting heterojunction NAT/AT electrode is shown in 

Figure 2.1a. EDS point analysis reveals that Ni is well-dispersed throughout the NAT top 



 

 

13 

layer (Figure 2.1b), and the top NAT layer appears to have less Sb than the AT interlayer 

(Figure 2.1c). 

 

 

Figure 2.1 (a) Cross-sectional SEM image for NAT/AT. (b) Ni/Sn and (c) Sb/Sn molar ratios 

for the seven sample points. 

 

Charge transfer resistance (Rct) was determined using electrochemical impedance 

spectroscopy (EIS). The EIS spectra were fitted using the Randles equivalent circuit model, 

and the Rct for AT was fitted to be 0.058 ohm, as shown in Figure 2.2a. In comparison to 

NAT (0.30 ohm), the heterojunction coating of NAT/AT (0.068 ohm) gave an order of 

magnitude reduction in Rct and an increase in electron transfer kinetics. 

Figure 2.2b shows cyclic voltammetry analysis of the three electrodes in 100 mM 

NaClO4. Each of the electrodes had a high oxygen evolution potential at ∼2.4 V, which is 

comparable to the state-of-the-art BDD and TiO2-x electrodes for EO water treatment.11 The 

electrochemically active surface areas (ECSA) were measured by a current charging method 

reported previously (Figure 2.S4).32 The slopes of the charging curves give capacitances 

(mF/cm2) that are proportional to the ECSA (Figure 2.2c). Dividing the capacitances by a 

general specific capacitance for metal oxide (0.04 mF/cm2)32 gives ECSA values for AT and 

NAT of 201 and 70 cm2, respectively. NAT/AT with NAT built on a rough AT layer has an 

ECSA of 130 cm2. 
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Figure 2.2 (a) EIS spectra, (b) cyclic voltammograms, and (c) charging currents as functions 

of scan rate by AT, NAT/AT, and NAT electrodes. Dashed lines in (a) represent fitting results 

based on a Randles circuit (inset). 

 

The stability of anodes was assessed using accelerated lifetime tests based on electrolysis 

at a current density of 200 mA/cm2 (Figure 2.S3). The results were then used to estimate the 

lifetime at lower operational current densities. The estimated lifetime at 10 mA/cm2 of 

NAT/AT (5373 h) was significantly longer than that of AT (342 h) and NAT (260 h) alone. 

In order to establish a fair comparison, electrodes composed of NAT(0.6)/AT(0.6) were 

made with a 50% mass reduction of each layer to match the total 1.3 mg/cm2 mass loading 

of a single layer each of AT and NAT. The reduced mass electrode formulation of 

NAT(0.6)/AT(0.6) produced a lifetime of 1156 h, which was still better than the AT and 

NAT electrodes alone. The lifetime of the bilayer NAT/AT electrode is significantly longer 

than those reported for either the NAT or AT electrodes (2-20 h at 12 mA/cm2).17 

The leaching of metals during electrolysis was determined using ICP-MS (Figure 2.S5). 

The Sb concentrations found in the NaClO4 electrolyte after 90 min electrolysis at 10 

mA/cm2 due to leaching from the AT and NAT/AT electrodes were 31 and 5 µg-Sb/L, 

respectively. The heterojunction structure of NAT/AT results in a lower level of Sb leaching 

or loss combined with the relatively high electrochemical activity of NAT. 

Electrochemical production of chlorine and ozone. The electrochemical production of 

chlorine at a current density of 10 mA/cm2 was quantified in 30 mM NaCl solutions.7 The 

AT electrode had a current efficiency (CE) of 50% (Figure 2.3a), which is similar to the 
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total chlorine production efficiency obtained with either IrO2 or TiO2-x anodes.33,34 Doping 

AT with Ni results in lower reactive chlorine evolution rates for NAT/AT and NAT 

electrodes (CE of 34% and 35%, respectively) but was compensated by O3 production. The 

electrochemical production of O3 on NAT requires a six-electron water oxidation reaction 

(E° = 1.51 VRHE) that involves the combination of adsorbed oxygen species: O2 is generated 

at surficial Ni sites and reacts with ·OH produced from neighboring Sb-SnO2 surficial sites 

to form ·HO3, which is then converted into O3.16,35,36 The heterojunction NAT/AT electrode 

produces more O3 than does the NAT electrode alone (i.e., the aqueous-phase [O3] increases 

faster on NAT/AT than on NAT, as shown in Figure 2.3b). This is probably because 

NAT/AT has a larger ECSA than NAT, promoting the interplay among adsorbed oxygen 

species. 

 

  

Figure 2.3 (a) Chlorine evolution rate and current efficiency measured in 30 mM NaCl 

electrolytes. (b) Dissolved O3 detected in NaClO4 electrolytes during electrolysis by 

NAT/AT and NAT. Test “w/ Cl-” was performed in 30 mM NaCl electrolyte. Test “w/ BA” 

was conducted in 30 mM NaClO4 spiked with 1 mM BA. Dashed lines represent kinetic 

modeling results. (c) Overall ozone evolution rates for NAT in 100 mM NaClO4, and 

NAT/AT in 100 mM NaClO4 and 30 mM NaCl. Current efficiencies were marked on the bar 

diagram. Anode surface area = 6 cm2, current density = 10 mA/cm2, electrolyte volume = 25 

mL. 

 

Ozone released to the headspace of the electrolysis cell was quantified using an online 
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both aqueous and gas phases. As shown in Figure 2.3c, higher current efficiencies for O3 

production were obtained using the NAT/AT electrode than single-layer NAT electrode (e.g., 

18 vs. 8%). After 10 min of electrolysis, [O3] reached a plateau value of ∼4.7 mg/L for both 

the NAT and NAT/AT electrodes (Figure 2.3b). Gaseous O3 evolution also reached a steady-

state concentration (Figure 2.S6). 

Ozone production in the presence of Cl- was also investigated. Malonic acid was added 

to the water samples collected during electrolysis to mask free chlorine interference on 

dissolved O3 measurement (Figure 2.S7). Results show that Cl- inhibits O3 production 

(Figure 2.3b and 2.S6). 

The homogeneous reactions among O3, Cl-, and free reactive chlorine can be considered 

to be negligible due to relatively slow reaction rates (e.g., kO3,Cl- = 3.0 × 10-3 M-1s-1, kO3,HOCl 

≅ 2.0 × 10-3 M-1s-1, kO3,OCl- = 1.2 × 102 M-1s-1) coupled with low [O3].37 Thus, the inhibitory 

impact of Cl- on O3 production is most likely due to the competition for active sites on the 

anode surface. Chloride competes for active surface sites that would normally initiate the 

OER, since the initial reaction steps involving Cl- adsorption and subsequent electron transfer 

to the electrode surface are similar to the one-electron oxidation of OH-.38,39 In addition, Cl- 

quenching by reaction with ·OH is also likely.33 In 30 mM NaCl electrolyte solutions, ozone 

production and chlorine generation account for 4 and 38% of the overall current efficiency, 

respectively. 

Direct and indirect pathways for radical production. Benzoic acid (BA) was used as 

a probe molecule to explore electrochemical free radical production since BA reacts readily 

with ⋅OH, O⋅-, Cl⋅, and Cl2⋅-, but does not react readily with free chlorine and O3.23,40 Since 

BA is unlikely to be oxidized by direct electron transfer to the electrode under the applied 

potential (Figure 2.S8),34 BA oxidation in NaClO4 solutions should occur by reaction with 

⋅OH (e.g., kBA,·OH = 4.3 × 109 M-1s-1). As shown in Figure 2.4a, the heterojunction NAT/AT 

electrode produced the fastest BA transformation rate, followed by the single-layer anodes, 

NAT and AT. Assuming pseudo-first-order kinetics, the rate constant for BA degradation by 

NAT/AT (normalized by specific surface area) was calculated to be kBA,SA = 2.83 × 10-5 m/s 

(Figure 2.S9), close to the mass transfer rate constant with stirring estimated by the current 
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limiting method (km,BA = 3.31 × 10-5 m/s, Figure 2.S10). The applied current (60 mA, 

above Ilim,BA) and the first-order exponential BA removal trend both indicate that BA 

degradation was under mass transport control during electrolysis. 

 

 

Figure 2.4 (a) Electrochemical oxidation of BA by AT, NAT/AT, and NAT electrodes in 30 

mM NaClO4 electrolytes in the presence or absence of 100 mM tBuOH or 100 mM MeOH. 

(b) Electrochemical oxidation of BA by NAT/AT in chloride-bearing electrolytes (30 and 60 

mM NaCl). Dashed lines represent kinetic modeling results. Anode surface area = 6 cm2, 

current density = 10 mA/cm2, electrolyte volume = 25 mL. 

 

Addition of the known ·OH radical quenchers, tert-butanol (tBuOH, k·OH = 6.0 × 108 M-

1s-1) and methanol (MeOH, k·OH = 9.7 × 108 M-1s-1), significantly retarded BA transformation 

kinetics (Figure 2.4a).41 MeOH, which is known to scavenge ·OH on anode surfaces,42 

slowed the oxidation of BA more than tBuOH. These results indicate that ·OH radical-

mediated oxidation within the electrical double layer close to the anode surface is the primary 

pathway for the electrochemical oxidation of BA. 

Even though BA does not readily react with ozone at circum-neutral pH, as illustrated in 

Figure 2.S11, BA oxidation on NAT/AT and NAT anodes was found to be consistent with 

their respective O3 production activity (Figure 2.4a vs. 2.3c). Furthermore, residual O3 

concentrations were very low during the electrochemical oxidation of BA (Figure 2.3b). 

These results suggest that either (1) O3 production was inhibited by BA or (2) O3 reacted 

with BA via a new path. In order to verify assumption (1), tBuOH, which has a similar ·OH 
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quenching activity to BA, was added during electrolysis using the NAT/AT anode. 

However, the dissolved [O3] detected in the presence of 100 mM tBuOH was found to be 

higher than that measured in the presence of 1 mM BA (Figure 2.S12). This result indicates 

that BA does not inhibit the electrochemical O3 production via ·OH quenching and thus is 

consistent with assumption (2) that BA reacts indirectly with the electrochemically produced 

O3. 

The conversion of O3 to ·OH is facilitated either by catalysts, natural organic matter, or 

at high pH (≈11).19,42,43 A more plausible explanation for O3 decomposition to ·OH at pH 

close to the electrode surface must consider the micro-environment within the electrical 

double layer (EDL). Water splitting taking place at the anode rapidly lowers the pH within 

the EDL. We propose that acidic EDL facilitates the decomposition of O3 to ·OH in the 

presence of BA. 

 

  

Figure 2.5 (a) Differences of pH values on the NAT/AT anode surface (hollow) and in the 

bulk electrolyte (solid). (b) Schematic illustration of two indirect pathways for the production 

of ·OH from O3. 

 

A micro pH probe (Thermo Scientific™ 8220BNWP, the diameter of the hemispherical 

probe tip is 2 mm) was used to measure the surficial pH of NAT/AT operated at 10 mA/cm2. 

The diffusion layer thickness was determined as ∼27 and 270 µm for stirred and static 

conditions, respectively (Figure 2.S10). These values are comparable to 10-100 µm reported 
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on plate-type electrodes.11,22 The pH probe was placed ∼500 µm above the anode surface. 

Even though this approach could not measure the pH within the diffusion layer, low surface 

pH (<2) was still observed, even when the initial bulk pH was adjusted to 8 (Figure 2.5a). 

Note that rapid BA degradation was observed at initial pH of 4 and 8 (Figure 2.S13). We 

propose that BA first reacts with ·OH via ring insertion forming an ∙OH-BA adduct as a 

reaction intermediate, which in turn reacts with O3 to form hydroxybenzoic acid and ozonide 

(O3·-). Thus, an acidic boundary layer favors the transformation of O3·- to ·OH (reactions 4 

and 5 in Figure 2.5b). This mechanism is supported by results presented in a previous study 

of O3 + BA reaction at pH 2.3, which also showed that hydroxybenzoic acid served as a 

reaction intermediate.44 For BA degradation at pH 10 (Figure 2.5a and 2.S13), base-

catalyzed O3 activation (reaction 1 in Figure 2.5b) in the bulk electrolyte leads directly to 

·OH radical formation. 

The efficacy of anodic O3 activation depends on the structure of the target aromatic 

substrate. We note that anodic O3 activation promoted the degradation of ibuprofen (IBP) 

but did not appear to impact the degradation of nitrobenzene (NB) and phenol (Ph) (Figure 

2.S14). Upon initial examination, whether a compound is promoted by anodic O3 activation 

cannot be simply explained using the electron-withdrawing/donating capacity of the ring 

substituent or the log Kow value of the target compound (Table 2.S1). More investigation is 

needed to determine the structure-activity relationship. 

Benzoic acid oxidation was also carried out in NaCl electrolytes to investigate the impact 

of Cl- on radical speciation. Previous EO studies showed that Cl- promotes BA degradation 

due to the production of Cl· and Cl2
-· as reaction intermediates.33,45 However, we observed 

that Cl- retards electrochemical BA oxidation on NAT/AT (Figure 2.4b) by competitively 

inhibiting O3 production, limiting the anodic activation of O3. As a result, the lower ·OH 

input offsets the positive effects due to Cl· and Cl2·-. 

Kinetic modeling. Kinetic models were developed to quantify reactive species 

generation at the surface of NAT/AT and help with the interpretation of experimental results. 

A total of 102 reactions were considered, including details of aqueous-phase O3 chemistry 

(eqs. 58-69 of Table 2.S2), radical species O3⋅- reactions (eqs. 70-73 of Table 2.S2), and O2⋅- 

reactions (eqs. 74-81 of Table 2.S2). 
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To calibrate the kinetic model, zero-order reaction rates for electrochemical O3 

production (rO3, M/s) on NAT/AT (eq. 9 of Table 2.S2) in NaClO4 and NaCl were obtained 

by fitting to experimental results for dissolved [O3] as shown in Figure 2.3b. The steady-

state concentrations of dissolved O3 as predicted by the model fitting were 9.8 × 10-5 M (4.7 

mg/L) in NaClO4 solutions and 4.3 × 10-5 M (2.1 mg/L) in NaCl solutions. The predicted 

concentrations are consistent with the experimentally determined concentrations. Given the 

rates of electrochemical O3 production, the rate of ⋅OH production, r·OH (M/s), (eq. 10 of 

Table 2.S2) was subsequently calibrated using BA degradation kinetic data in NaClO4, 

assuming that ⋅OH was the sole contributor to oxidation. Enhancements in BA oxidation via 

anodic O3 activation (reactions i and ii in Figure 2.5b) were taken into account according to 

eqs. 97 and 101 of Table 2.S2. 

For reactions in the NaCl electrolyte, the number of active sites and ⋅OH production rate 

were assumed to be the same as in the case of NaClO4. However, the production rates of 

chlorine radical and free chlorine species were calibrated using BA oxidation data obtained 

in 30 mM NaCl solutions. For both NaClO4 and NaCl electrolytes, the calibrated model 

successfully reproduced the experimentally observed transformation kinetics (red and blue 

lines in Figure 2.4b). All model fittings had R2 > 0.95. A list of the fitted rate constants is 

presented in Table 2.S3. 

The constrained model predicted a steady-state ⋅OH concentration, [⋅OH]ss, of 1.6 × 10-

13 M in NaClO4. This compares well with the value of 1.58 × 10-13 M obtained from BA 

degradation, as shown in Figure 2.S9. In addition, the kinetical model predicts slower BA 

removal rates with higher Cl- concentrations. This latter result agrees well with the 

experimental results obtained for reactions in 60 mM NaCl solutions, as illustrated by the 

green line in Figure 2.4b. 

Our validated kinetic model is then used for additional mechanistic insight into pathways 

for the EO of BA and for quantifying the relative contributions of the reactive species toward 

the overall oxidation of BA. The relative contributions from each of the radical species (⋅OH, 

O·-,Cl·, and Cl2·-) reacting with BA were estimated by including only their independent 

reactions with BA in the model calculation (eqs. 97-100 of Table 2.S2). The anodic 

activation of O3 was estimated by turning on and off ⋅OH production (eq. 10 of Table 2.S2). 
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In both electrolytes, model results show that the contribution to BA oxidation by O·- was 

negligible due to its low steady-state concentration (∼10-20 M) and its relatively slow 

bimolecular reaction rate constant with BA (kBA,O·- = 4.00 × 107 M-1s-1). Models results show 

that ⋅OH contributes the most to the degradation of BA in NaClO4, accounting for close to 

100% of total removal in which ∼32% of total ∙OH is produced from the anodic activation 

of O3. In NaCl solutions, ⋅OH contributes >95% of total BA removal, while only ∼17% of 

⋅OH comes from the anodic activation of O3 (Figure 2.S15). Furthermore, the contributions 

of Cl· and Cl2·- toward BA oxidation in NaCl account for <5% and <<1% to the total 

degradation of BA, respectively. 

Environmental applications. An optimized NAT/AT anode was tested for the oxidative 

removal of several pharmaceutical compounds. Carbamazepine (CBZ, 30 µM) was used as 

a model compound due to its high persistence in the advanced oxidation processes.46 As 

shown in Figure 2.6a, the complete electrochemical oxidation of 30 µM CBZ on a NAT/AT 

anode is achieved in less than 60 s in NaClO4 electrolytes. The approximate rate constant for 

CBZ degradation (normalized by specific surface area) was calculated to be kCBZ,SA = 1.13 × 

10-3 m/s (Figure 2.S16). The high EO activity obtained using a NAT/AT anode clearly 

outperforms the AT, IrO2, and BDD anodes (70-80% removal in 5 min) operated at identical 

current densities of 10 mA/cm2. The higher EO activity of NAT/AT is ascribed to the higher 

yields of ·OH that are obtained via water electrolysis coupled with the direct oxidation of 

CBZ by electrochemically produced O3. In the latter case, 1-(2-benzaldehyde)-4-hydro-

(1H,3H)-quinazoline-2-one (BQM) is detected as the direct ozonation product (Table 

2.S4).47 
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Figure 2.6 Removal of (a) 30 µM carbamazepine (CBZ) and inactivation of (b) E. coli and 

(c) MS2 by different electrodes in 30 mM NaClO4 electrolytes. Anode surface area = 6 cm2, 

current density = 10 mA/cm2, electrolyte volume = 25 mL. 

 

Degradation of CBZ is also obtained via EO in NaCl electrolytes. However, CBZ appears 

to be biphasic with fast oxidation over the first 15s followed by a slower rate, as shown in 

Figure 2.S17a. Even though O3 was generated at a slower rate, the apparent faster removal 

during the first 15 s phase in NaCl solutions are most likely due to reactions of CBZ with 

radical species such as Cl2·-. Accelerated CBZ removal rates in electrolytes containing Cl- 

were reported by Chiron et al.48 They estimated a rate constant for CBZ + Cl2·- of k = 2.6 × 

109 M-1s-1 to explain a faster CBZ EO rate in the presence of Cl-. In this case, due to the 

generation of chlorine radicals, similar CBZ removal kinetics were observed at all four tested 

electrodes (NAT/AT, AT, IrO2, and BDD), with IrO2 being slightly faster than the other 

three. Complete oxidation of 30 µM CBZ can be achieved in less than 5 min (Figure 2.S17b). 

In addition to BQM, four other transformation products of CBZ were detected at NAT/AT 

in NaCl solutions (Table 2.S4). These products result from chlorine-mediated oxidation, as 

reported for the EO of CBZ using IrO2-based anodes.8 Overall, these results demonstrated 

the superior performance of NAT/AT both in the absence and presence of Cl- and thus its 

potential applicability in removing trace organic contaminants in wastewater streams where 

[Cl-] is low (e.g., primary and secondary effluent, typical [Cl-] = 1-10 mM49). 

Electrochemical disinfection using a NAT/AT anode was explored in NaClO4 

electrolytes (Figure 2.6b and c) using E. coli and coliphage MS2 as surrogates for bacteria 
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and viruses.9 With EO on NAT/AT, 5-log10 reductions in the number of E. coli and MS2 

are obtained in less than 30 s. Most likely, electrochemically generated O3 is the primary 

driving force for disinfection on NAT/AT anodes. Moreover, when Cl- is present, EO on 

NAT/AT resulted in faster disinfection (Figure 2.S17c and d) due to the co-generation of 

ozone and reactive chlorine species. 

 

 

Figure 2.7 Electrochemical oxidation by NAT/AT of (a) pharmaceuticals (10 μM each) and 

(b) E. coli and MS2 spiked into latrine wastewater. Anode surface area = 6 cm2, current 

density = 10 mA/cm2, wastewater volume = 25 mL. 

 

The performance of NAT/AT on pharmaceutical product removal and disinfection was 

further explored during the treatment of latrine wastewater. Five representative 

pharmaceuticals, which were frequently reported to be present in the wastewater treatment 

plant effluents,6 were spiked in latrine wastewater, which was collected on the Caltech 

campus. The chemical composition, COD removal, and ammonium-N removal of the 

wastewater are given in Table 2.S5. As shown in Figure 2.7a, due to the high background 

COD of the wastewater (300 mg/L) and NH4
+ (80 mM), degradation of CBZ and the other 

pharmaceuticals is slower due to the competitive consumption of the electrochemically-

produced oxidants. The half-life for CBZ is reduced from 30 s in NaClO4 to approximately 

30 min in latrine wastewater. Slower disinfection kinetics were also observed during tests 

using latrine wastewater (Figure 2.7b), where the times required for 5-log10 reductions of E. 
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coli and MS2 were <30 and 60 min, respectively. However, the performance of the 

NAT/AT anodes is better than the IrO2-based electrodes used in our previous reports (e.g., 

t1/2 = 75 min for CBZ) while 5-log10 reductions in E. coli and MS2 numbers were obtained 

at 10 and 60 min, respectively, since our initial E. coli and MS2 concentrations are ∼1-log10 

higher.8,9 The energy consumption required to achieve 1-log10 removal of pharmaceuticals 

and 5-log10 reductions in the number of target pathogens in latrine wastewater ranges from 

3.9 to 14 kWh/m3 (Table 2.S6). 

The formation of disinfection byproducts (DBPs) during EO treatment of latrine 

wastewater was also investigated (Figure 2.S18). The total concentrations of 

trihalomethanes (THMs) and haloacetic acids (HAAs) after 90 min of electrolysis were 0.007 

and 65 µg/L, respectively. These values are below or close to the EPA drinking water limit 

(THMs 80, HAAs 60 µg/L), though the treated effluent is not for potable reuse. Chloroform 

was detected as the only THM, while mono- and di-chloroacetic acids were the primary 

HAAs. Chlorate (ClO3
-) and perchlorate (ClO4

-) concentrations after 90 min of electrolysis 

were 1.7 and 0.16 mM, respectively. Overall, lower concentrations of ClO3
- (1.7 mM) and 

ClO4
- (0.16 mM) were observed at 90 min electrolysis on NAT/AT anodes compared to BDD 

([ClO3
-]90 min = 5 mM, [ClO4

-]90 min = 0.5 mM) operated at the same current density and 

[electrode area]/[electrolyte volume] ratio by our group.34 The minimum DBP formation 

observed in this study is because pathogens and pharmaceuticals were readily removed 

before the chlorination breakpoint. The dominant reactive chlorine species were 

chloramines, which have lower DBP formation potentials than free chlorine.50 The THMs 

and HAAs could also be readily eliminated by O3.51 

 

2.5 Conclusions 

In summary, the NAT/AT anodes are durable with high reactivities for chlorine, ozone, 

and ·OH production. They are cost-effective for treating pharmaceutical compounds and 

pathogens in electrolyte solutions and latrine wastewater. Scaled-up demonstrations of EO 

treatment units using this novel electrode for decentralized wastewater treatment systems are 

currently underway. The anodic O3 activation mechanism presented in this study lays the 

groundwork for developing electrochemically assisted ozonation processes. 
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2.8 Supporting Information 

Text 2.S1 Analytical methods. 

Benzoic acid (BA), nitrobenzene (NB), and phenol (Ph) were quantified by high-

performance liquid chromatography (HPLC) equipped with an XDB-Phenyl column 

(Agilent, 2.1 × 50 mm, 5 𝜇m particles) at 226 and 250 nm. The eluent had a flow rate of 0.5 

mL/min and consisted of 10% acetonitrile (ACN) and 90% water with 0.1% formic acid. 

Pharmaceutical degradation was analyzed using HPLC with an XDB-C18 column 

(Agilent, 2.1 × 50 mm, 3.5 𝜇m particles), the eluent flowed at 0.5 mL/min and consisted of 

ACN and water with 0.1% formic acid. A gradient was used to resolve peaks: 0 min, 5% 

ACN; 0.6 min, 5% ACN; 9.6 min, 95% ACN; 10.5 min, 95% ACN; 10.8 min, 5% ACN; 15 

min, 5% ACN. 

Model compound transformation products were identified using an ultrahigh 

performance liquid chromatography system (Waters Acquity UPLC) with an Acquity BEH 

C18 column (2.1 × 50 mm, 1.7 𝜇m particles) coupled to a time-of-flight mass spectrometer 
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(Waters Xevo GS-2 TOF). Eluent consisting of ACN and water with 0.1% formic acid 

flowed at 0.5 mL/min. The gradient was: 0 min, 5% ACN; 0.2 min, 5% ACN; 3.2 min, 95% 

ACN; 3.5 min, 95% ACN; 3.6 min, 5% ACN; 5 min, 5% ACN. Conditions used for mass 

spectrometer were: carbamazepine (CBZ) – positive electrospray ionization (ESI+) in 

resolution mode, capillary voltage 0.2 kV; ibuprofen (IBP) – negative electrospray ionization 

(ESI-) in resolution mode, capillary voltage 1.0 kV. Cone voltage 50 V, source offset 80 V, 

source temperature 120°C, desolvation temperature 400°C, cone gas 40 L/h, desolvation gas 

800 L/h, 0.3 s scan time in continuum mode, collision energy 1.0 eV, and second acquisition 

channel collision energy scanned from 0 to 30 eV. A leucine lock-mass was used to correct 

for accurate mass values. 

Trihalomethanes (THMs) and haloacetic acids (HAAs) were extracted using a previously 

reported method.1 Briefly, THMs were extracted in pentane and collected after centrifugation 

(5000 rpm, 5 min). HAAs (1 mL water sample) were extracted in 2 mL methyl tert-butyl 

ether (MTBE) following adjustment of pH (0.1 mL concentrated sulfuric acid) and ionic 

strength (0.5 g sodium sulfate). Sample methylation was completed with acidic methanol (1 

mL 10% sulfuric acid in methanol) at 50℃ for 2 hours. Formed HAA-esters were cleaned 

using 10% sodium sulfate in water (4 mL), and the upper ether layer was collected for 

analysis. 

THMs and HAAs extracts were analyzed by gas chromatography equipped with an 

electron capture detector (GC/ECD, Agilent 7890). Helium was used as a detector makeup 

gas in constant makeup mode at 30 mL/min. Separation was performed on a 30 m Rxi-5ms 

column (0.25 mm i.d., 0.25 µm film thickness, RESTEK). Helium was used as the carrier 

gas in constant flow mode at 1 mL/min. For THMs, the oven was initially set to 30℃ (hold 

for 2 min), then programmed as follows: 5℃/min to 50℃ (hold for 2 min), 35℃/min to 

150℃ (hold for 5 min), 25℃/min to 185℃ and hold for 5 min. For HAAs, the oven was 

initially set to 40℃ (hold for 10 min), then ramped as following: 2.5℃/min to 65℃, then 

10℃/min to 85℃, then 20℃/min to 205℃ and hold for 7 min. The injector temperature was 

set to 200℃ for both methods. 

Metal leaching (Sb, Ni, Sn, Ti) from anodes was analyzed by an Inductively Coupled 

Plasma Mass Spectrometry (Thermo Scientific, iCAP™ RQ ICP-MS). Samples were first 
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aerosolized by a nebulizer and then introduced into a radiofrequency Argon plasma, 

causing atomization and ionization to be separated based on their mass-to-charge ratio (m/z 

ratio) by a single quadrupole mass spectrometer. Experiments were performed using acid-

washed and air-dried glass beakers (nitric acid optima grade) using 40 mL NaClO4 (100 

mM) as the electrolyte solution with a current density of 10 mA/cm2. The solution was mixed 

continuously during the EC experiment using clean magnetic stirrers (experiment time 90 

min), and samples were collected using acid-washed pipette tips and microcentrifuge tubes 

(using 10% nitric acid). Samples were diluted using 2% optima-grade nitric acid and spiked 

with 1 mg/L internal standard (Yttrium, Scandium, and Cerium) for quality assurance and 

quality control (QA/QC). The lower limit of quantification (LOQ) was 10 ng/L based on the 

background levels of the compounds. Calibration standards and instrument and method 

blanks (2% nitric acid and Milli-Q water used to prepare electrolyte, respectively) were 

injected to validate experimental conditions and determine background levels. Finally, a 

standard was reinjected during the sequence to validate the instrument response. A 

calibration curve with an R>0.9998 was used to determine the metal concentrations in all 

replicates. 

 

Text 2.S2 Kinetic modeling. 

Kinetic modeling was performed using the chemical kinetics software Kintecus 6.80.2 A 

total of 102 elementary reactions were included in the model. pH was set to 2 in all fitting 

scenarios. Rate constants were obtained from literature or calibrated from experimental and 

fitting results. The reactions implemented in the model were provided below in Table 2.S1. 
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Figure 2.S1 Stability test of Ni (1 atom-%)-SnO2 electrode at 10 mA/cm2 in 100 mM 

NaClO4. 

 

 

Figure 2.S2 Sheet resistance measurements of (a) NAT and (b) AT.  

The tests were performed on an Ossila® four-point probe. NAT and AT have much lower 

sheet resistance than the indium-tin-oxide glass standard sample (17 ohm/square provided 

by Ossila®). They are both considered as metallic conductive with no specific sheet resistance 

given. Comparing the slopes of current-voltage curves of the outer forced connections gives 

a qualitative conclusion that NAT has a conductivity similar to AT. 
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Figure 2.S3 Accelerated lifetime tests of anodes. 

In the accelerated lifetime tests, anodes with a surface area of 0.5 cm2 were subjected to 

100 mA current (current density 200 mA/cm2). Deactivation is reflected in the cell voltage 

(Ecell) vs. time plot by the increase of Ecell to above 10 V, at which point the titanium metal 

base starts to be corroded.35 The actual lifetime (toc) of an electrode at a specific operating 

current (Ioc) can be estimated using the lifetime (talt) under high current (Ialt) based on the 

empirical equation3,4: 

toc =
Ialt

1.7talt

Ioc
1.7

 

Lifetimes under high current for AT, NAT, and NAT/AT were 2.1, 1.6, and 33 h, which 

correspond to the lifetimes at 10 mA/cm2 as 342, 260, and 5373 h, respectively. Lifetime for 

NAT(0.6)/AT(0.6) at 10 mA/cm2 was calculated to be 1156 h. 
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Figure 2.S4 Cyclic voltammograms at scan rates of 5, 10, 25, 50, 100, 200, 400, and 800 

mV/s of AT, NAT/AT, NAT, IrO2, and BDD electrodes and charging currents as functions 

of scan rate of IrO2 and BDD electrodes. 

The slopes of the charging curves give capacitances (mF/cm2) that are proportional to the 

ECSA. Multiplying by the electrode geometric area (6 cm2) and dividing by a general 

specific capacitance for metal oxide (0.04 mF/cm2) gave ECSA values for AT, NAT/AT, 

NAT, IrO2, and BDD of 201, 130, 70, 3840, and 2.5 cm2, respectively. The commercial IrO2 

anode demonstrated a very large ECSA. The reason is unclear due to the proprietary 

manufacturing procedure. Possibly explanation lies in the porous structure and high mass 

loading of catalyst (10 mg/cm2 according to the supplier). On the other hand, BDD had a 

smaller ECSA than its geometric surface area (2.5 vs. 6 cm2), likely due to the heterogeneous 

distribution of electro-active sites on the BDD surface. Not all the crystal facets of BDD have 

activity towards redox couples used in the ECSA measurement.5 
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Figure 2.S5 Leaching of Sb and Ni by AT and NAT/AT electrodes. 

All electrodes were subjected to 90 min aging at 10 mA/cm2 before the leaching tests. 

The 90 min leaching tests were performed three times for each electrode. Fresh electrolyte 

(100 mM NaClO4) was used in each run. Averages of triplicate experiments are shown. Error 

bars represent standard deviations. 

Based on the precursor composition and the average mass loading of 1.3 mg/cm2 of the 

layer exposed to the electrolyte, the total mass of Sb in the form of Sb2O3 are 378 and 757 

µg for NAT/AT and AT, respectively. A 90 min electrolysis tested by AT released 31 ug/L 

of Sb in 25 mL electrolyte, equivalent to 0.93 ug Sb2O3. This accounts for 0.1% loss of the 

total Sb2O3 from the AT electrode. Similarly, the leaching test indicates that NAT/AT loss 

0.05% of Sb2O3 after 90 min electrolysis. 
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Figure 2.S6 Evolution rates of O3 in the gas phase during electrolysis in NaCl and NaClO4 

electrolytes. Anode surface area = 6 cm2, current density = 10 mA/cm2, electrolyte volume 

= 25 mL. 

 

 

Figure 2.S7 Apparent O3 production with different concentrations of malonic acid (MA) 

added to quench free chlorine. Anode surface area = 6 cm2, current density = 10 mA/cm2, 

electrolyte volume = 25 mL. 

The result for O3 production contradicts that from a previous study on Ni-Sb-SnO2, which 

reported enhanced ozone production in the presence of Cl-.6 The authors likely arrived at 

their conclusion because the amount of malonic acid (MA) added was insufficient to mask 

chlorine. During electrolysis, when a small amount of MA (0.48 M) was added, O3 appeared 

to be produced faster due to decolorization caused by unmasked chlorine species. However, 

with increased MA concentrations, the rate of O3 generation inferred by decolorization of 

potassium indigo trisulfonate decreased and gradually approached a specific level that is 

slower compared to electrolysis in NaClO4 solution. 
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Figure 2.S8 Linear sweep voltammograms (LSV) of NAT/AT in 30 mM NaClO4 

electrolytes in the absence and presence of 1 mM benzoic acid (BA). 

Direct electron transfer (DET) to the electrode would be indicated by a redox peak in the 

presence of BA. Such signal was not observed on NAT/AT, thus ruling out the contribution 

to BA degradation by DET. 

 

 

Figure 2.S9 BA degradation by NAT/AT in 30 mM NaClO4 electrolytes. 

Assuming that BA degradation follows pseudo first-order kinetics, the fitted rate constant 

was kBA = 0.000678 s-1, which, normalized by the specific surface area (24 m2/m3), is kBA,SA 

= 2.83 × 10-5 m/s. 

The steady-state concentration of ⋅OH ([⋅OH]ss) can be estimated using kBA: 
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[⋅ OH]ss =
𝑘BA

𝑘BA,OH
= 1.58 × 10−13 M 

where kBA is the pseudo-first-order rate constant and kBA,OH is the second-order rate constant 

for BA and ⋅OH. The number matches that predicted by the kinetic model, which is ~1.6 × 

10-13 M in NaClO4 solutions. 

 

 

Figure 2.S10 Experimental current vs. applied potential of NAT/AT with and without 

stirring. 

The experiment was measured in 0.5 M Na2CO3, 0.05 M K4Fe(CN)6, and 0.1 M 

K3Fe(CN)6. The limiting currents (Ilim) with and without stirring were ~70 and 7 mA, 

respectively. The mass transfer rate constants (𝑘m) can then be calculated7: 

𝑘m =
Ilim

n𝐹AC
=

0.07 A or 0.007 A

1(96485 × 1000 C kmol⁄ )(0.0006 m2)(0.05 kmol m3)⁄

= 2.42 × 10−5 m s⁄  or 2.42 × 10−6 m s⁄  

where Ilim is the limiting current (plateau region), n is the number of electrons exchanged, 

𝐹  is Faraday constant (96,485 C/mol), A  is the electrode surface area, and C  is the 

concentration of the compound of interest in the bulk solution. 

Knowing the diffusion coefficient for Fe(CN)6
4- D = 6.58 × 10-10 m2/s,8 the diffusion 

layer thickness (δ) can be calculated: 

δ =
D

𝑘m
=

6.58 × 10−10  m2 s⁄

0.0000242 m s⁄  or 0.00000242 m s⁄
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that is, the diffusion layer thickness (δ) is ~27 µm (with stirring) or ~270 µm (without 

stirring). 

Assuming the same diffusion layer thickness (δ) for benzoic acid (BA) systems and 

knowing the diffusion coefficient DBA = 0.9 × 10-9 m2/s for BA at 25°C,9 a more accurate 

mass transfer rate constant for BA (𝑘m,BA) can be estimated as follows: 

𝑘m,BA =
DBA

𝛿
=

0.9 × 10−9m2/s

2.72 × 10−5 m
= 3.31 × 10−5 m/s 

The limiting current (assuming mineralization of BA) in this system initially can then be 

estimated: 

Ilim,BA = n𝐹A𝑘m,BACBA = (4x + y − 2z)𝐹A𝑘m,BACBA 

= (28 + 6 − 4)(96485 × 1000 C kmol⁄ )(0.0006 m2)(3.31

× 10−5 m s⁄ )(0.001 kmol m3)⁄  

= 0.057 A 

where x, y, and z are the number of C, H, and O in BA (C7H6O2), respectively. Ilim,BA drops 

during treatment as CBA drops. BA degradation is under mass transport control during the 

course of electrolysis. 

 

 

Figure 2.S11 Benzoic acid (BA) degradation by homogeneous ozonation. 

In order to exclude the contribution to BA degradation by the direct reaction between O3 

and BA and to mimic the produced O3 concentration in actual electrolysis experiments, O3 

in the headspace of the electrolysis cell using NAT/AT in 100 mM NaClO4 electrolyte (~40% 
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of total O3 generated) was purged by N2 gas into another beaker containing 1 mM BA 

solution. No BA removal was observed during one-hour electrolysis, confirming our 

hypothesis that direct reaction between O3 and BA did not contribute to BA degradation. 

 

 

Figure 2.S12 Impacts of the organic radical quenchers benzoic acid (BA), nitrobenzene 

(NB), and tert-butanol (tBuOH) on the production of O3 by NAT/AT anode in 30 mM 

NaClO4. Anode surface area = 6 cm2, current density = 10 mA/cm2, electrolyte volume = 25 

mL. 

 

 

Figure 2.S13 Effect of pH on the BA degradation kinetics by NAT/AT. Anode surface area 

= 6 cm2, current density = 10 mA/cm2, electrolyte volume = 25 mL. 
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Figure 2.S14 EO treatment of (a) nitrobenzene (NB), (b) phenol (Ph), and (c) ibuprofen 

(IBP) in 30 mM NaClO4. The dashed red line in (c) represents kinetic model prediction of 

IBP degradation, taking into account reaction with both O3 and ·OH. Anode surface area = 

6 cm2, current density = 10 mA/cm2, electrolyte volume = 25 mL. 

 

 

Figure 2.S15 Radical contributions to BA degradation by NAT/AT in NaClO4 and NaCl 

electrolytes. 

The model predicted that total BA removal in NaClO4 and NaCl electrolytes at 1 h were 

ca. 94% and 76%, respectively. Contributions from specific radical species were quantified 

by turning on only its reaction with BA and excluding the others. In both electrolytes, 

contributions from O·- were negligible (no BA removal was predicted with only BA + O·-) 

and thus not shown. Inside the contribution from ·OH, by turning on/off electrochemical 

·OH production (reaction 10 in Table 2.S1), sub-contributions from anodic O3 activation 
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were estimated to be ca. 32% and 17%, respectively, in NaClO4 and NaCl electrolytes. 

Contributions from Cl· and Cl2·- in NaCl were not important, responsible for <5% and <<1% 

of total removal, respectively. 

 

 

Figure 2.S16 Carbamazepine (CBZ) degradation by NAT/AT in 30 mM NaClO4 

electrolytes. 

Assuming that CBZ degradation follows pseudo-first-order kinetics, the fitted rate 

constant was kCBZ = 0.027110 s-1, which, normalized by the specific surface area (24 m2/m3), 

is kCBZ,SA = 1.13 × 10-3 m/s. Comparing to that for BA, this assumption is less accurate due 

to the reaction between CBZ and O3 in the aqueous phase, which is also manifested in the 

rate constant that is two orders of magnitude higher than the mass transfer rate constants. 

 

  

Figure 2.S17 Removal of 30 µM carbamazepine (CBZ) by (a) NAT/AT in 30 mM NaClO4 

and NaCl and (b) different electrodes in 30 mM NaCl. Inactivation of (c) E. coli and (d) MS2 

by NAT/AT in 30 mM NaClO4 and NaCl electrolytes. Anode surface area = 6 cm2, current 

density = 10 mA/cm2, electrolyte volume = 25 mL. 
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Figure 2.S18 Formation of disinfection byproducts (DBPs) during electrolysis of latrine 

wastewater by NAT/AT electrode. 

 

Table 2.S1 Target compound properties. 

 Hammett 

constant (𝜹)a 

k·OH (M-1s-

1) 

logKow
b pKa Reference 

Benzoic acid (BA) - 4.3 × 109 1.89 4.19 10 

Nitrobenzene (NB) 0.78 (-NO2) 3.9 × 109 1.85 n.a. 10 

Phenol (Ph) -0.36 (-OH) 6.6 × 109 1.44 9.95 10 

Ibuprofen (IBP) - 7.2 × 109 2.48-3.97 5.3 11 

 

a. NB has an electron-withdrawing ring substituent with a Hammett constant of 𝜎 = 

0.78, while the hydroxyl group on phenol has a 𝜎 = -0.36, yet either compound 

was promoted by anodic O3 activation, suggesting there is no clear correlation 

between electron-withdrawing/donating capacity of the ring substituent and 

activation. 

b. BA and NB share really close logKow, but one was promoted and the other was 

not, indicating there is no clear correlation between logKow and activation. 

 

Table 2.S2 Principle reactions in the kinetic model. 

No. Reaction Rate constant Reference 
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1 H+ + OH- → H2O 1.00 × 1011 M-1s-1 12 

2 H2O → H+ + OH- 1.00 × 10-3 s-1 12 

3 H+ + HO2
- → H2O2 5.00 × 1010 M-1s-1 12 

4 H2O2 → H+ + HO2
- 1.30 × 10-1 s-1 12 

5 H+ + Cl- → HCl 5.00 × 1010 M-1s-1 12 

6 HCl → H+ + Cl- 8.60 × 1016 s-1 12 

7 H+ + OCl- → HOCl 5.00 × 1010 M-1s-1 12 

8 HOCl → H+ + OCl- 1.40 × 103 s-1 12 

    

9 MO → O3 6.92/1.42 × 10-7 s-1 Fitteda 

10 MO → HO⋅ 1.69 × 10-6 s-1 Fitted 

11 MO + Cl- → Cl⋅ 1.50 × 10-5 s-1 Fitted 

12 MO + 2Cl- → Cl2 8.05 × 10-1 s-1 Fitted 

13 MO + OCl- → OCl⋅ 3.89 × 102 s-1 Fitted 

14 MO + OCl- → ClO3
- Not importantb  

15 MO + ClO3
- → ClO4

- Not importantb  

    

16 HO⋅ + H2O2 → HO2⋅ + H2O 2.70 × 107 M-1s-1 10 

17 HO⋅ + OH- → O⋅- + H2O 1.20 × 1010 M-1s-1 13 

18 HO⋅ + HO⋅ → H2O2 5.50 × 109 M-1s-1 10 

19 HO⋅ + Cl- → ClOH⋅- 4.30 × 109 M-1s-1 14 

20 HO⋅ → Products 1.00 × 107 s-1 Assumed c 

    

21 ClOH⋅- → Cl- + HO⋅ 6.10 × 109 s-1 14 

22 ClOH⋅- + H+ → Cl⋅ + H2O 2.10 × 1010 M-1s-1 14 

23 ClOH⋅- + Cl- → Cl2⋅- + OH- 1.00 × 104 M-1s-1 15 

    

24 Cl⋅ + H2O → ClOH⋅- + H+ 2.50 × 105 M-1s-1 16 

25 Cl⋅ + H2O2 → HO2⋅ + Cl- + H+ 2.00 × 109 M-1s-1 17 

26 Cl⋅ + OH- → ClOH⋅- 1.80 × 1010 M-1s-1 18 

27 Cl⋅ + Cl- → Cl2⋅- 8.00 × 109 M-1s-1 19 
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28 Cl2⋅- + H2O → Cl- + HClOH 1.30 × 103 M-1s-1 16 

29 Cl2⋅- + H2O2 → HO2⋅ + 2Cl- + H+ 1.40 × 105 M-1s-1 20 

30 Cl2⋅- + OH- → ClOH⋅- + Cl- 4.50 × 107 M-1s-1 15 

31 Cl2⋅- → Cl⋅ + Cl- 6.00 × 104 s-1 19 

    

32 HClOH → Cl⋅ + H2O 1.00 × 102 s-1 16 

33 HClOH → ClOH⋅- + H+ 1.00 × 108 s-1 16 

34 HClOH + Cl- → Cl2⋅- + H2O 5.00 × 109 M-1s-1 16 

    

35 Cl⋅ + Cl⋅ → Cl2 8.80 × 107 M-1s-1 21 

36 Cl⋅ + Cl2⋅- → Cl- + Cl2 2.10 × 109 M-1s-1 17 

37 Cl2⋅- + HO⋅ → HOCl + Cl- 1.00 × 109 M-1s-1 22 

38 Cl2⋅- + Cl2⋅- → 2Cl- + Cl2 9.00 × 108 M-1s-1 17 

    

39 Cl2 + H2O → HOCl + Cl- + H+ 1.50 × 101 M-1s-1 23 

40 Cl2 + H2O2 → O2 + 2HCl 1.30 × 104 M-1s-1 20 

41 Cl2 + O2⋅- → O2 + Cl2⋅- 1.00 × 109 M-1s-1 20 

42 Cl2 + HO2⋅ → O2 + Cl2⋅- + H+ 1.00 × 109 M-1s-1 24 

43 Cl2 + Cl- → Cl3
- 2.00 × 104 M-1s-1 25 

    

44 Cl3
- + O2⋅- → Cl2⋅- + Cl- + O2 3.80 × 109 M-1s-1 20 

45 Cl3
- + HO2⋅ → Cl2⋅- + HCl + O2 1.00 × 109 M-1s-1 24 

46 Cl3
- → Cl2 + Cl- 1.10 × 105 s-1 25 

    

47 HOCl + H2O2 → HCl + H2O + O2 1.10 × 104 M-1s-1 26 

48 HOCl + HO⋅ → OCl⋅ + H2O 2.00 × 109 M-1s-1 20 

49 HOCl + O2⋅- → Cl⋅ + OH- + O2 7.50 × 106 M-1s-1 20 

50 HOCl + HO2⋅ → Cl⋅ + H2O + O2 7.50 × 106 M-1s-1 20 

51 HOCl + Cl⋅ → OCl⋅ + Cl- + H+ 3.00 × 109 M-1s-1 18 

52 HOCl + Cl- + H+ → Cl2 + H2O 1.82 × 104 M-2s-1 23 

    

53 OCl- + H2O2 → Cl- + H2O + O2 1.70 × 105 M-1s-1 26 
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54 OCl- + HO⋅ → OCl⋅ + OH- 8.80 × 109 M-1s-1 20 

55 OCl- + O2⋅- + H2O → Cl⋅ + 2OH- + O2 2.00 × 108 M-2s-1 20 

56 OCl- + Cl⋅ → OCl⋅ + Cl- + H+ 8.20 × 109 M-1s-1 18 

    

57 OCl⋅ + OCl⋅ → P3 7.50 × 109 M-1s-1 27 

    

58 O3 + H2O2 → O2 + HO⋅ + HO2⋅ 6.50 × 10-3 M-1s-1 28 

59 O3 + OH- → O2 + HO2
- 7.00 × 101 M-1s-1 29 

60 O3 + HO⋅ → O2 + HO2⋅ 1.10 × 108 M-1s-1 29 

61 O3 + O2⋅- → O3⋅- + O2 1.60 × 109 M-1s-1 30 

62 O3 + HO2
- → O2 + HO⋅ + O2⋅- 2.80 × 106 M-1s-1 28 

63 O3 + Cl- → O2 + OCl- 3.00 × 10-3 M-1s-1 31 

64 O3 + HOCl → Products 2.00 × 10-3 M-1s-1 31 

65 O3 + OCl- → Products 1.20 × 102 M-1s-1 31 

66 O3 + ClO3
- → Products 1.00 × 10-4 M-1s-1 31 

67 O3 + ClO4
- → Products 2.00 × 10-5 M-1s-1 31 

68 O3 + Cl2⋅- → Products 9.00 × 107 M-1s-1 32 

69 O3 → Products 7.04/3.28 × 10-3 s-1 Fittedd 

    

70 O3⋅- + H+ → HO3⋅ 5.20 × 1010 M-1s-1 30 

71 O3⋅- + HO⋅ → HO2⋅ + O2⋅- 8.50 × 109 M-1s-1 33 

72 O3⋅- + O⋅- → 2O2⋅- 7.00 × 108 M-1s-1 34 

73 O3⋅- → O2 + O⋅- 3.30 × 103 s-1 35 

    

74 O2⋅- + H2O2 → O2 + HO⋅ + OH- 1.30 × 10-1 M-1s-1 36 

75 O2⋅- + H+ → HO2⋅ 7.20 × 1010 M-1s-1 37 

76 O2⋅- + HO⋅ → O2 + OH- 7.00 × 109 M-1s-1 36 

77 O2⋅- + O⋅- + H2O → O2 + 2OH- 6.00 × 108 M-2s-1 34 

78 O2⋅- + HO2⋅ → HO2
- + O2 9.70 × 107 M-1s-1 36 

79 O2⋅- + Cl2⋅- → O2 + 2Cl- 2.00 × 109 M-1s-1 20 

80 O2⋅- + Cl- → Products 1.40 × 10-2 M-1s-1 38 

81 O2⋅- + HOCl → O2 + Cl- + HO⋅ 7.50 × 106 M-1s-1 38 
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82 O⋅- + O2 → O3⋅- 3.60 × 109 M-1s-1 10 

83 O⋅- + H2O → HO⋅ + OH- 1.70 × 106 M-1s-1 10 

84 O⋅- + HO⋅ → HO2
- 2.00 × 1010 M-1s-1 10 

85 O⋅- + HO2
- → OH- + O2⋅-

 4.00 × 108 M-1s-1 10 

86 O⋅- + OCl- → OCl⋅ + OH- 2.30 × 108 M-1s-1 10 

    

87 HO2⋅ + H2O + O2⋅- → O2 + H2O2 + OH- 9.70 × 107 M-2s-1 38 

88 HO2⋅ + H2O2 → O2 + H2O + HO⋅ 3.00 × 100 M-1s-1 36 

89 HO2⋅ + HO⋅ → O2 + H2O 6.60 × 109 M-1s-1 36 

90 HO2⋅ + HO2⋅ → O2 + H2O2 8.30 × 105 M-1s-1 36 

91 HO2⋅ + Cl2⋅- → O2 + 2Cl- + H+ 3.00 × 109 M-1s-1 20 

92 HO2⋅ + Cl2 → Cl2⋅- + O2 + H+ 1.00 × 109 M-1s-1 24 

93 HO2⋅ → H+ + O2⋅- 7.90 × 105 s-1 12 

    

94 HO2
- + HO⋅ → HO2⋅ + OH- 7.50 × 109 M-1s-1 10 

    

95 HO3⋅ → HO⋅ + O2 1.10 × 105 s-1 30 

96 HO3⋅ → O3⋅- + H+ 3.70 × 104 s-1 30 

    

97 BA + HO⋅ → P1 4.30 × 109 M-1s-1 10 

98 BA + O⋅- → P2 4.00 × 107 M-1s-1 10 

99 BA + Cl⋅ → P3 1.80 × 1010 M-1s-1 39 

100 BA + Cl2⋅- → P4 2.00 × 106 M-1s-1 40 

    

101 P1 + O3 → P5 + O3⋅- 1.00 × 105 M-1s-1 Assumede 

102 P5 + 3O3 → P6 + O3⋅- Not importantf  

 

a. The concentration of active sites MO was set as unity. 

b. No significant amounts of ClO3
- and ClO4

- were detected through the course of 

electrolysis experiments. These two reactions were therefore not taken into 

account in this model. 
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c. Reaction 20 accounted for unknown HO⋅ quenching pathways in the solution 

matrix. The rate was set the same as that assumed in Yang et al.41 where a more 

detailed explanation was provided. It was assumed that the quenching pathways 

were similar in the two systems. This assumption also enabled easier comparison 

between NAT/AT and BDD. 

d. Reaction 69 was incorporated into the kinetic model to account for the escape of 

O3 from the aqueous to the gas phase and depletion of aqueous O3 through 

unknown transformation pathways in the solution matrix. 

e. The actual rate constant between the transient OH-adduct radical (OH-BA, P1) 

and O3 is not quantified in this study and needs further investigation. We chose 

1.00 × 105 M-1s-1 for our model with two considerations: (1) assuming numbers 

between 1.00 × 103 and 1.00 × 109 M-1s-1 did not significantly affect the fitted 

HO⋅ production rate (reaction 10), probably because O3⋅- formed in this step is 

limited by the amount and rate of P1 formed, that is, the rate of reaction 97; (2) 

aqueous O3 concentrations predicted using rate constants ≥ 1.00 × 105 matched 

better to experimentally measured values in the first 5 min. Predicted O3 

concentrations became higher than experimental ones for two potential reasons: 

(1) the excess O3 got transformed in the bulk electrolyte where the assumption of 

pH = 2 no longer holds, and/or (2) unknown reactions between O3 and BA 

degradation products. 

f. Changing the rate constant for reaction 102 (proposed in Huang et al.42) did not 

affect the fitting outcome. Due to the fact that this reaction involves the product of 

reaction 101 as well as three O3 molecules, it is likely not important in yielding 

O3⋅- and thus HO⋅ to facilitate BA degradation. 

 

Table 2.S3 Rate constants estimated by kinetic modeling. 

 In NaClO4 Avg RMSDa/R2 In NaCl Avg RMSD/R2 

rO3 6.92 × 10-7 s-1 0.036/99.4 1.42 × 10-7 s-1 0.045/99.6 

rHO⋅b 1.69 × 10-6 s-1 3.48/96.8 1.69 × 10-6 s-1 3.48/96.8 

kCl⋅ - - 1.50 × 10-5 s-1 0.058/99.5 

kCl2 - - 8.05 × 10-1 s-1 0.057/99.5 

kOCl⋅ - - 3.89 × 102 s-1 0.057/99.5 

k69 7.04 × 10-3 s-1 0.036/99.4 3.28 × 10-3 s-1 0.045/99.6 
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a. Root-mean-square-deviation (RMSD), a value of 0 indicates a perfect fit. 

b. Comparing to a previously reported SbSn/CoTi/Ir anode,43 NAT/AT showed two-

order-of-magnitude higher rHO⋅ and a lot faster benzoic acid BA degradation 

(~70% removal in 30 mM NaCl after 4 h at 25 mA/cm2 vs. ~100% removal in 30 

mM NaCl after 75 min at 10 mA/cm2) and COD removal from toilet wastewater. 

The fitted rHO⋅ and kCl⋅ values were on the same order of magnitude as those fitted 

for BDD in another study.41 

 

Table 2.S4 Carbamazepine transformation products. 

Electrolyte RT 

(min) 

TP m/z 

(Name) 

Major 

fragment 

ions m/z 

Calculated 

formula 

Mass 

error 

(mDa) 

Structure Ref 

NaClO4 

1.51 251 

(BQM) 

180.08 

208.077 

C15H11N2O2 0.2 

 

44 

NaCl 

1.16 180 152.0612 C13H10N 0.6 

 

45 

1.51 251 

(BQM) 

180.08 

208.077 

C15H11N2O2 0.5 

 

44 

1.59 253 180.0803 

210.0912 

C15H13N2O2 0.4 

 

45 



 

 

49 
2.09 208 180.0804 C14H10NO 0.6 

 

45 

2.43 205 139.9873 

141.9825 

C14H9N2 0.6 Structure unknown  

 

 

Table 2.S5 Composition of latrine wastewater. 

Property Before EO After EO (75 min) 

pH 8.5-8.8 

Conductivity (mS cm-1) 13.3 

COD (mg O2 L
-1) 307 ± 13 94 ± 14 

[NH4
+] (mM) 84 ± 6 71 ± 1 

[Cl-] (mM) 65 ± 8 56 ± 3 

Average voltage (V) 3.9 

 

Table 2.S6 Energy consumption for pharmaceuticals/pathogens removal by common 

electrodes. 

Electrode Solution typea Pharmaceuticals 

(kWh/m3) 

E. coli 

(kWh/m3) 

MS2 

(kWh/m3) 

All (kWh/m3) 

NAT/AT 30 mM 

NaClO4/NaCl 

~0.8 for 1-log removal of 

5 pharmaceuticals (10 

μM each) 

<0.04 for 5-

log removal 

<0.04 for 5-

log removal 

~0.8 

Latrine 

wastewater 

14.0 for 1-log removal of 

5 pharmaceuticals (10 

μM each) 

3.9 for 5-log 

removal 

7.8 for 5-log 

removal 

14.0 

Bismuth-doped 

TiO2 (Nanopac) 

Latrine 

wastewaterb 

~14.0 for 1-log removal 

of 8 pharmaceuticalsc (1 

μM each)45 

 2.0 for 5-log 

removal46 

 

BDD Secondary 

effluent 

 1-4 for 4-log 

removal47,48 

  

Ti/BDD 2.8 mM Na2SO4 >11.3 for >0.3-log 

removal of 43.2 μM 

carbamazepine49 

   



 

 

50 
Ti/PbO2 2.8 mM Na2SO4 >12.4 for >0.3-log 

removal of 43.2 μM 

carbamazepine49 

   

SS/PbO2 10-120 mM NaCl  0.017 for 3.3-

log removal50 

  

Pb/PbO2 10-120 mM NaCl  0.096 for 3.3-

log removal50 

  

Platinum 10-120 mM NaCl  0.11 for 3.3-

log removal50 

  

Graphite 10-120 mM NaCl  0.14 for 3.3-

log removal50 

  

Platinum clad 

niobium mesh 

30 mM Na2SO4  6.3 for 4-log 

removal51 

7.8 for 6-log 

removal51 

 

 

a. While few studies investigated pharmaceutical removal and E. coli and MS2 

inactivation together, one or two aspects examined in various solutions were 

selected for comparison purposes. All initial E. coli and MS2 concentrations 

range from 104-106 CFU or PFU/mL. 

b. Toilet wastewater used in these two studies had different compositions than the 

one used in our experiments, with lower [NH4
+] and [Cl-] (<20 and 30 mM 

comparing to ca. 84 and 65 mM). By converting free chlorine to chloramines, 

ammonia can retard disinfection efficiency. 

c. The 5 pharmaceuticals used in our study overlapped with the 8 used in this study. 
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C h a p t e r  3  

OZONE- AND HYDROXYL RADICAL-MEDIATED OXIDATION OF 

PHARMACEUTICAL COMPOUNDS USING NI-DOPED SB-SNO2 

ANODES: DEGRADATION KINETICS AND TRANSFORMATION 

PRODUCTS 

 

Zhang, Y.; Guo, L.; Hoffmann, M. R. Ozone- and Hydroxyl Radical-Mediated Oxidation of 

Pharmaceutical Compounds using Ni-doped Sb-SnO2 Anodes: Degradation Kinetics and 

Transformation Products. ACS EST Eng. 2023, 3 (3), 335-348. 

https://doi.org/10.1021/acsestengg.2c00337. 
 

3.1 Abstract 

Electrochemical oxidation provides a versatile technique for treating wastewater streams 

onsite. We previously reported that a two-layer heterojunction Ni-Sb-SnO2 anode (NAT/AT) 

can produce both ozone (O3) and hydroxyl radical (·OH). In this study, we explore further 

the applicability of NAT/AT anodes for oxidizing pharmaceutical compounds using 

carbamazepine (CBZ) and fluconazole (FCZ) as model probe compounds. Details of the 

oxidation reaction kinetics and subsequent reaction products are investigated in the absence 

and presence of chloride (Cl-) and sulfate (SO4
2-). In all cases, faster or comparable 

degradation kinetics of CBZ and FCZ are achieved using the double-layered NAT/AT anode 

coupled with a stainless steel (SS) cathode in direct comparison to an identical setup using a 

boron-doped diamond anode. Production of O3 on NAT/AT enhances the elimination of both 

parent compounds and their transformation products (TPs). Very fast CBZ degradation is 

observed during NAT/AT-SS electrolysis in both NaClO4 and NaCl electrolytes. However, 

more reaction products are identified in the presence of Cl- than ClO4
- (23 TPs vs. 6). Rapid 

removal of FCZ is observed in NaClO4, while the degradation rate is retarded in NaCl 

depending on the [Cl-]. In SO4
2--containing electrolytes, altered reaction pathways and 

transformation product distributions are observed due to sulfate radical generation. SO4·- 

oxidation produces fewer hydroxylated products and promotes the oxidation of aldehydes to 

https://doi.org/10.1021/acsestengg.2c00337
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carboxylic acids. Similar trend in treatment performance is observed in mixtures of CBZ 

and FCZ with other pharmaceutical compounds in latrine wastewater and secondary WWTP 

effluent. 

Keywords: Ozone- and hydroxyl radical-mediated oxidation, Ni-doped Sb-SnO2 

anodes, pharmaceuticals, degradation kinetics, transformation products 

 

3.2 Introduction 

Pharmaceuticals represent an important group of emerging environmental contaminants 

due to excretion of ingested medicines in urine and feces and through the intentional disposal 

of unused or expired medicines.1 Depending on the specific drug types, more than 90% of 

consumed pharmaceuticals can be excreted unmetabolized. Thus, residual pharmaceutical 

products have been detected in virtually all environmental waters including groundwater, 

surface water, and wastewater treatment plant (WWTP) influents and effluents.1–4 This level 

of discharge of untreated or partially treated pharmaceutical products is problematic for 

aquatic systems and drinking water supplies. While traditional WWTPs are inadequate for 

degrading many commonly used pharmaceutical compounds,5–7 advanced oxidation 

processes (AOPs) involving reactive species such as ozone (O3), hydroxyl radicals (·OH), 

and free reactive chlorine provide an attractive alternative for compound degradation.8–10 

Meanwhile, transformation products of pharmaceuticals also are an area of increasing 

research interest. The identification of specific transformation products allows us to further 

understand their ultimate environmental fates, including formation of transformation 

products that are more toxic than their parent compounds.1,11–13  

Electrochemical oxidation (EO) is applied in decentralized and small-scale wastewater 

treatment systems when proceeded by a biological pretreatment step.14,15 The composition 

of the electro-active anode materials is a key factor in determining energy consumption and 

electrolytic treatment efficiency. Ideal nonactive electrodes suitable for wastewater treatment 

that promote complete oxidation of organic pollutants include boron-doped diamond (BDD) 

and antimony-doped tin oxide (AT: Sb-SnO2) anodes.14,16,17 While large-scale application of 

BDD electrodes is hindered by high manufacturing costs, typical AT electrodes offer a less 

expensive option due to the absence of platinum-group metal components and lower 
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production costs. Moreover, when nickel is co-doped with AT (NAT: Ni-Sb-SnO2), the 

NAT anodes produce ozone,18,19 which provides an additional anodic oxidation pathway. 

Electrochemical oxidation has been investigated for various pharmaceutical compounds 

using dimensionally stable anodes (Ti/Pt/PbO2),20 mixed metal-oxide 

(Ti/IrxTayO2/[Bi2O3]z[TiO2]1-z),15 and mostly BDD electrodes20–22 in pure electrolytes, latrine 

wastewater, and biologically-treated hospital wastewater. However, degradation with Sb-

SnO2-based anodes has not been well studied, and transformation product analysis is limited. 

In our previous study, a heterojunction Ni-Sb-SnO2 anode (NAT/AT) was prepared that 

simultaneously produces ozone (O3) and hydroxyl radical (·OH) at the anode.23 NAT/AT 

electrolysis was shown to be effective for treating a mixture of pharmaceutical compounds 

in toilet wastewater. An anodic O3 activation mechanism was proposed by Zhang et al. to 

explain the accelerated degradation kinetics of some aromatic compounds that are not highly 

reactive with O3 (e.g., ibuprofen, IBP, kO3,IBP = 9.6 M-1s-1)8. Since aromatic rings and/or N 

and S atoms with nonbonded electrons are ubiquitous in pharmaceutical compounds, 

NAT/AT electrolysis should prove to be effective for treating pharmaceuticals in waste 

effluents. 

The primary goal of this study is to investigate both the kinetics and the possible 

mechanistic pathways for product formation via NAT/AT-SS electrolysis in undivided cells 

as a promising AOP for pharmaceutical compound treatment in contaminated water. 

Degradation kinetics and transformation products (TPs) formation are studied in detail for 

carbamazepine (CBZ) and fluconazole (FCZ). CBZ and FCZ are persistently found in natural 

water bodies around the world.24,25 They are also excellent probes for studying reaction 

mechanisms and evaluating treatment efficiencies due to their different bimolecular rate 

constants with O3 (kO3,CBZ = 3.0 × 105 M-1s-1 vs. kO3,FCZ = 2.0 M-1s-1).8,26 The added impact of 

electrochemical O3 production on the observed degradation kinetics and pathways in the 

NAT/AT system is compared to degradation using BDD electrodes as a reference anode 

material. The influence of pH and common ions present in wastewaters (Cl- and SO4
2-)27,28 

is investigated. Kinetic models to predict overall reaction kinetics and removal efficiencies 

are presented. Furthermore, pharmaceutical degradation at the NAT/AT anode is evaluated 
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in actual toilet wastewater and secondary effluent where the occurrence of these 

compounds is frequently reported. 

 

3.3 Materials and Methods 

Reagents and wastewater. All pharmaceutical compounds, acridine, carbamazepine 

10,11-epoxide, and 9-acridinecarboxylic acid standards were purchased from Sigma-

Aldrich. Actual latrine wastewater was collected from a public electrochemical toilet 

prototype on the campus of Caltech (Pasadena, CA). Secondary effluent was obtained from 

Sanitation Districts of Los Angeles County (Whittier, CA) and stored in the dark at 4C for 

less than 1 month prior to use. 

Stock solutions of individual pharmaceuticals were prepared at 20 M in relevant 

electrolytes and stored under room temperature in the dark. Wastewater samples were filtered 

with 0.45 m glass fiber membranes (Tisch) and amended with pharmaceuticals (2 M) 

before treatment. 

Electrolysis experiments. Two types of electrodes were used in this study. NAT/AT 

anodes were prepared by a dip-coating method as previously described.23 BDD electrodes 

were purchased from NeoCoat (Switzerland). All electrochemical tests were performed in an 

undivided electrolysis cell. A stainless-steel cathode (6 cm2) was coupled in parallel to an 

NAT/AT or BDD anode (6 cm2) with a 5 mm separation. An Ag/AgCl/Sat. NaCl reference 

electrode (BASI Inc.) was placed at the same spacing close to the anode. Electrolysis 

experiments were conducted in 25 mL solutions at a fixed current density of 10 mA/cm2 

(specific surface area = 24 m2/m3). 

Linear sweep voltammetry (LSV) was conducted using a Biologic VSP-300 potentiostat 

in relevant solutions using a scan rate of 0.05 V/s. For some experiments, solutions were 

buffered with 5 mM phosphate and pH was adjusted with perchloric acid (HClO4), 

hydrochloric acid (HCl), or sodium hydroxide (NaOH). 

Analytical methods and transformation product identification. Free chlorine 

concentrations were measured by DPD (N,N-diethyl-𝑝-phenylenediamine) reagent (Hach 

DPD Method 10102). Dissolved O3 produced by NAT/AT was quantified using the indigo 



 

 

58 

method.29 Current efficiencies () for chlorine and O3 evolution were calculated using the 

equation: 

η =
nV𝐹 dC

I dt
 

where n is the number of electrons required for one mole formation of Cl2 from Cl- (n = 2) 

or O3 from O2- (n = 6), V is the electrolyte volume (25 mL), 𝐹 is Faraday constant (96,485 

C/mol), and I is the current (A). Common wastewater ions (NH4
+, Cl-, Na+, K+, and Mg2+) 

were quantified by ion chromatography.  

Carbamazepine (CBZ), fluconazole (FCZ), and other pharmaceutical compounds were 

quantified using high-performance liquid chromatography coupled with a UV detector 

(HPLC-UV) and equipped with an XDB-C18 column (ZORBAX, 2.1  50 mm, 1.8 m 

particles). CBZ and FCZ were monitored at 285 and 205 nm, respectively. Eluent flowed at 

0.4 mL/min and consisted of acetonitrile (ACN) and water with 0.1% formic acid. A gradient 

was used to resolve peaks: 0 min, 5% ACN; 2 min, 5% ACN; 6 min, 95% ACN; 8 min, 95% 

ACN; 9 min, 5% ACN; 12 min, 5% ACN. 

For transformation product identification, electrolysis of CBZ and FCZ was conducted 

at elevated compound concentration (20 M) and in solutions containing: NaClO4 (50 mM), 

Na2SO4 (5 mM) + NaClO4 (50 mM), NaCl (50 mM), or Na2SO4 (5 mM) + NaCl (50 mM). 

Products were analyzed using an ultrahigh performance liquid chromatography system 

(Waters Acquity UPLC) coupled to a time-of-flight mass spectrometer (Waters Xevo GS-2 

TOF) equipped with an Acquity BEH C18 column (2.1  50 mm, 1.7 m particles). Eluent 

consisting of ACN and water with 0.1% formic acid flowed at 0.5 mL/min. The applied 

ACN/H2O gradient profile was as follows: 0 min, 5% ACN; 0.2 min, 5% ACN; 3.2 min, 

95% ACN; 3.5 min, 95% ACN; 3.6 min, 5% ACN; 5 min, 5% ACN. Products were 

monitored under positive electrospray ionization (ESI+) in resolution mode (measurement 

accuracy better than 1 ppm RMS) with 0.2 kV capillary voltage. Other mass spectrometer 

conditions include: cone voltage 50 V, source offset 80 V, source temperature 120°C, 

desolvation temperature 400°C, cone gas 40 L/h, desolvation gas 800 L/h, 0.3 s scan time in 

continuum mode, collision energy 1.0 eV, and second acquisition channel collision energy 
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scanned from 0 to 30 eV. A leucine lock-mass (m/z = 556.2771) was used to correct for 

accurate mass values. 

Parent compounds and transformation products (TPs) were identified with the Masslynx 

software (Waters) and quantified with Quanlynx. TP chemical formulas were obtained using 

accurate mass determinations and known parent compound elemental compositions. 

Tentative structures were proposed based on fragmentation patterns, isotopic patterns (when 

chloride present), authentic standards (when available), and comparison to literature. 

Theoretical modeling. Kinetic modeling and prediction of pharmaceutical degradation 

kinetics were achieved using the chemical kinetics computational program, Kintecus 6.80.30 

A total of 117 elementary reactions were considered with rate constants obtained from the 

literature. The model was evaluated in all electrolytes to examine the influence of salts on 

degradation kinetics (more details in Text 3.S1 and Table 3.S1). 

 

3.4 Results and Discussion 

Degradation kinetics. Degradation was investigated in detail for carbamazepine (CBZ, 

20 M) and fluconazole (FCZ, 20 M). 

CBZ. Fast degradation of CBZ was observed using the NAT/AT anode (Figure 3.1a). 

For example, complete removal was achieved in less than 30 s in NaClO4 electrolytes, which 

appears to be due to direct oxidation by O3. Our kinetic model also predicted complete 

removal in 30 s (Figure 3.S1a). When Cl- is present in the system, O3 production is inhibited 

due to competition for active sites between Cl- and OH-,23 although rapid removal is achieved 

with 100% removal in less than 1 min in NaCl electrolytes. Despite lower aqueous-phase O3 

concentrations, a similar CBZ removal efficiency is achieved due to the formation of the 

chlorine radical anion Cl2·- (E0 = 2.1 VNHE, estimated kCl2·-,CBZ = 2.6 × 109 M-1s-1).11 

Prediction using the kinetic model also gave similar results taking into account the kinetics 

of the chlorine radical anion (Figure 3.S1b). 

Degradation of CBZ with BDD was slower in both electrolytes compared to that with 

NAT/AT due to the absence of O3 production (Figure 3.1b). Reaction retardation was greater 

in NaClO4 electrolytes, in which ~60% removal was obtained within 20 min. In NaCl, 

however, the differences in degradation kinetics were less pronounced, with complete 
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removal achieved after 5 min of electrolysis, which is consistent with oxidation of CBZ 

by the chlorine radical species. For both NAT/AT and BDD anodes in NaClO4 and NaCl 

electrolyte solutions, there was no discernible impact of the sulfate radical anion, SO4·-, on 

the observed degradation kinetics. The reaction rate constant between SO4·- and CBZ is 

smaller than that between ·OH and CBZ but on the same order of magnitude (kSO4·-,CBZ = 1.9 

× 109 M-1s-1 vs. k·OH,CBZ = 8.8 × 109 M-1s-1).7 However, due to the low concentration of SO4
2- 

and thus SO4·- present, CBZ degradation was dominated by O3, chlorine radical species, and 

·OH. 

FCZ. Very different degradation rates were obtained using the NAT/AT anode in NaClO4 

vs. NaCl electrolytes (Figure 3.1c). The rate constant between FCZ and O3 is five orders of 

magnitude lower than that of CBZ. However, faster-than-expected degradation was again 

observed with NAT/AT in NaClO4 electrolytes. 100% removal was attained in 5 min, which 

is notably faster than the predicted degradation rates considering reactions with both O3 and 

·OH (Figure 3.S2a). This result suggests that, similar to ibuprofen,23 FCZ degradation is 

promoted by anodic O3 activation on the NAT/AT anode. In NaCl solutions, on the other 

hand, FCZ removal was retarded compared to that in NaClO4 given that only 60-70% 

removal was observed after 1 h of electrolysis. This removal rate did not deviate significantly 

from our kinetic model predictions (Figure 3.S2b), indicating that anodic O3 activation had 

little impact in this case. 

Electrolysis using the BDD anode resulted in ~80% FCZ removal in 20 min in NaClO4 

and 80-90% removal in 1 h in NaCl electrolytes (Figure 3.1d). Higher removal efficiencies 

for BDD than NAT/AT in NaCl electrolytes are consistent with higher ·OH production levels 

at BDD coupled with an added contribution from direct electron transfer (vide infra). For 

FCZ, degradation with both electrodes was enhanced in the presence of SO4
2- in NaCl 

electrolytes. We propose that such enhancement in removal kinetics results from oxidation 

by sulfate radicals (SO4·-), which have a comparable or slightly higher redox potential (E0 = 

2.5-3.1 VNHE)31 than that of ·OH (E0 = 2.7 VNHE).32 Formation of SO4·- occurs via the 

following two pathways:32,33 

 ⋅OH + HSO4
- → H2O + SO4⋅-, k = 6.9 × 105 M-1s-1 (1) 

 Cl⋅ + SO4
2- → Cl- + SO4⋅-, k = 2.5 × 108 M-1s-1 (2) 
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with the second reaction, eq. 2, occurring only when Cl· (E0 = 2.4 VNHE)34 forms from Cl- 

in solution. Even though [HSO4
-] (pKa = 1.92)35 is negligible in the bulk solution at pH ~9, 

sulfate radical production via eq. 1 could actually take place within the acidic (pH < 2) 

electrical double-layer very close to the anode surface. Compared to ·OH, SO4·- is a more 

selective oxidant that reacts primarily via electron transfer.7,31,36 While ·OH also reacts 

readily and rapidly via addition and H-abstraction pathways, SO4·- generally has lower rate 

constants for those reactions. For many pharmaceutical compounds, however, reactions rates 

with SO4·- are comparable to or occasionally faster than those with ·OH.7 In addition to FCZ, 

the presence of SO4
2- in wastewater matrices has been reported to accelerate removal of other 

pharmaceutical compounds including ciprofloxacin, sulfamethoxazole,22 and ketoprofen21 

using BDD anodes. With FCZ, the effect of SO4
2- was prominent in NaCl electrolytes. This 

result suggests that SO4·- played a more important role in cases where O3 and/or ·OH-

mediated oxidation was less important. In NaClO4 electrolytes, in contrast, FCZ removal 

appeared to be unaffected in the presence of SO4
2-. 

 

 

Figure 3.1 Electrochemical oxidation of carbamazepine (CBZ) by (a) NAT/AT and (b) 

BDD, and of fluconazole (FCZ) by (c) NAT/AT and (d) BDD in ClO4: 50 mM NaClO4, 

0 1 2 3

0.0

0.2

0.4

0.6

0.8

1.0

Time (min)

C
/C

0

NAT/AT ClO4

NAT/AT SO4ClO4

NAT/AT Cl

NAT/AT SO4Cl

0 5 10 15 20

0.0

0.2

0.4

0.6

0.8

1.0

Time (min)

C
/C

0

BDD ClO4

BDD SO4ClO4

BDD Cl

BDD SO4Cl

(a) (b)CBZ CBZ

0 20 40 60

0.0

0.2

0.4

0.6

0.8

1.0

Time (min)

C
/C

0

NAT/AT ClO4

NAT/AT SO4ClO4

NAT/AT Cl

NAT/AT SO4Cl

0 20 40 60

0.0

0.2

0.4

0.6

0.8

1.0

Time (min)

C
/C

0

BDD ClO4

BDD SO4ClO4

BDD Cl

BDD SO4Cl

(c) (d)FCZ FCZ



 

 

62 

SO4ClO4: 5 mM Na2SO4 + 50 mM NaClO4, Cl: 50 mM NaCl, and SO4Cl: 5 mM Na2SO4 

+ 50 mM NaCl electrolytes. 

 

The higher removal percentage of FCZ than CBZ at BDD over 20 min even though the 

reaction rate constant between FCZ and ·OH is slightly lower (kFCZ,·OH = 4.4 × 109 M-1s-1 vs. 

kCBZ,·OH = 8.8 × 109 M-1s-1)8,26 suggests that additional oxidation pathways are operative. 

Given that direct electron transfer (DET) is known to happen at the surface of BDD (but not 

NAT/AT), it was suspected that DET made a substantial contribution to the removal of FCZ. 

DET from FCZ to BDD was confirmed using linear sweep voltammetry (LSV) in 50 mM 

NaClO4 (control) and in 50 mM NaClO4 containing 20 M CBZ or FCZ (Figure 3.S3). 

While no obvious feature is observed for CBZ comparing to the NaClO4 control, a notable 

peak was recorded at ~3.0 VNHE in the FCZ voltammogram, which implies that DET is taking 

place. 

The FCZ degradation results on both anodes in NaCl electrolytes indicate that FCZ is 

relatively resistant to oxidation by both free chlorine and chlorine radical species. This 

hypothesis is supported by a separate control experiment using a NaOCl solution (<30% 

removal in 2 h with excess NaOCl, data not shown) as well as experiments at NAT/AT with 

variable Cl- concentrations. When [Cl-] is decreased from 50 to 5 mM, removal of FCZ after 

1 h increased from 60 to >80% (Figure 3.2a), which results from higher O3 production with 

lower [Cl-].23 

The influence of pH on FCZ degradation was also investigated using both electrolytes 

with pH adjusted to 5, 7, and 9 in phosphate buffers. In some cases, pH 2 was also examined 

for trend elucidation. In NaClO4, pH had negligible influence on FCZ removal for NAT/AT 

and BDD (Figure 3.S4). Similar degradation kinetics at all pH values indicate a consistent 

·OH production on the anode surface coupled with O3 production on NAT/AT. In NaCl, 

different kinetic profiles for BDD compared to NAT/AT were observed. For example, 

degradation on BDD anode was not influenced by the variation in electrolyte pH in that 

similar removal levels were observed as pH was lowered from 9 to 2 (Figure 3.2b). This 

result, along with the similar result in Figure 3.S4, also suggested that phosphate buffer did 

not influence degradation kinetics. On the NAT/AT anode, on the other hand, faster FCZ 
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degradation was recorded as pH was lowered from 9 to 5 (e.g., ~60% degradation at pH 9 

to >90% degradation at pH 5 after 1 h of electrolysis). However, the trend did not continue 

to pH 2, where the slowest removal was observed (Figure 3.2c). 

 

 

Figure 3.2 (a) FCZ degradation by NAT/AT under different chloride concentrations (50, 10, 

and 5 mM NaCl, 5 mM NaClO4 was added to 5 mM NaCl to compensate for lower 

conductivity). Influence of pH on FCZ degradation by (b) BDD and (c) NAT/AT in 50 mM 

NaCl electrolytes. For degradation under pH 9 (no adjustment), no phosphate buffer was 

added. 

 

To explain the differences in FCZ degradation vs. pH, chlorine evolution was measured 

for each anode, and O3 evolution was measured only on the NAT/AT anode. Chlorine 

evolution, due to the production of reactive chlorine species, intrinsically leads to an increase 

in solution pH because of the depletion of H+ at cathode comparing to OH- at anode. During 

the chlorine evolution experiments, pH quickly rose to ~9 from circumneutral pH. On the 

other hand, it is also known that solution pH affects chlorine evolution kinetics.37 With BDD, 

stable chlorine evolution rates as well as current efficiencies were recorded at all pH values 

from 2 to 9 (Figure 3.S5a). With NAT/AT, on the other hand, decreased chlorine evolution 

(CER) and lower current efficiencies were observed as the pH was decreased (Figure 3.S5b). 

Meanwhile, the aqueous O3 concentrations followed an opposite trend in that during 15 min 

of electrolysis, the steady state [O3] increased from ~0.5 mg/L at pH 9 to ~2 mg/L at pH 2 

(Figure 3.S6). These results suggest that, at NAT/AT in the presence of Cl-, lower pH values 

favor the production of O3 over chlorine evolution, which can explain the FCZ degradation 

trend in the pH range from 9 to 5. At pH 2, despite higher O3 production, the slowest FCZ 

removal can be attributed to the different reactivities between deprotonated and protonated 
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species with O3.38 In many cases, reactions rate of the deprotonated species of a compound 

can be several orders of magnitude higher than that of its protonated species. FCZ has pKa 

values of 2.6, 2.9, and 11.0, where 2.6 and 2.9 correspond to the two nitrogens in the triazole 

rings.39 At pH 2, a protonated nitrogen could have significantly lower or no reactivity with 

O3, resulting in retarded removal. Though kinetic data is not available for FCZ, the 

deprotonated form of imidazole, with a similar structure to triazole, reacts with O3 four orders 

of magnitude faster compared to its protonated form.38 

Transformation product formation, identification, and removal. LC-MS analysis 

showed that there were 23 distinct transformation products (TPs) observed during CBZ 

oxidation, ten of which have not been previously reported. Properties of the TPs as 

documented in Table 3.1 include the corresponding retention times (RT), the measured m/z 

ratios, major fragment ions, mass error to theoretical m/z ratios, calculated chemical 

formulas, and proposed structures and their confidence levels. Reaction pathways for TP 

formation are proposed in Figure 3.3 based on this information and further TP analysis (vide 

infra). The pathways presented, as will be shown later, may not be comprehensive, and 

formation of many TPs is possible via multiple pathways. 

 

Table 3.1 Carbamazepine (CBZ) transformation products. 
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(BaQM) 
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a. TPs marked with underline have, to the best of our knowledge, not been 

reported before. 

b. TPs marked in green are not detected at BDD, and TPs marked in blue are not 

detected at NAT/AT, in respective electrolytes. 

c. Mass spectra of TPs containing Cl in their chemical formula are provided in 

Figure 3.S8. 

d. Confidence levels are assigned based on the level system proposed by 

Schymanski et al.50 for emerging pollutant transformation product identification. 

The meaning of each level is: level 1 – confirmed structure by reference standard; 

level 2 – probable structure by 2a. literature matching of fragmentation patterns 

and 2b. diagnostic evidence where only one structure fits the experimental 

information; level 3 – tentative candidate where either the structure is tentative 

and/or substitution positions are uncertain. For level 3 TPs where structure rather 

than substitution position is uncertain, tentative structure is proposed based on 

fragmentation analysis when available (Table 3.S2). 
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Figure 3.3 Proposed carbamazepine (CBZ) transformation pathways. Blue structures mark 

products detected during electrolysis in NaClO4 electrolytes. Green structures mark products 

with higher confidence levels/higher uncertainties and thus more tentative structures and 

pathways. 

 

CBZ in NaClO4 electrolytes. In NaClO4 electrolytes, 5 TPs (TP147, TP180, TP253a, TP 

267, and TP 251) were detected using NAT/AT and 5 (TP180, TP253a, TP267, TP251, and 
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TP253b) using BDD (Figure 3.3, labeled blue). For NAT/AT, TP251 (m/z = 251.0824, 

C15H11N2O2) showed an MS response one order of magnitude higher than all the other TPs 

in NaClO4-based electrolytes (Figure 3.4a). This TP was identified as 1-(2-benzaldehyde)-

4-hydro-(1H,3H)-quinazoline-2-one (BQM), which has been previously reported as a major 

CBZ ozonation product (Figure 3.3, route 1).43,45 Another identified product was TP267 (m/z 

= 267.0768, C15H11N2O3). While various structures have been proposed for the same m/z 

ratios in the literature, based on its fragmentation patterns, TP267 was identified as the 

carboxylic acid of TP251 (BaQM). The oxidation of BQM (TP251) to BaQM (TP267) has 

been reported before during ozonation.43 Other pathways for BaQM formation were also 

seen during biological40 and ferrate44 oxidation of CBZ, where BQM was not detected. 

Similar to the oxidation of BQM to BaQM, an aldehyde-to-carboxylic-acid pathway has been 

reported in a variety of treatment options including ozonation,45 UV/chlorine,42 UV/TiO2 

photocatalysis,47 ferrate,44 and biodegradation with white-rot fungus Pleurotus ostreatus.41,46 

In our case, the abundance of TP267 increased significantly when SO4
2- was added in the 

electrolyte solution (Figure 3.S9a), which implies that SO4·- is also capable of oxidizing 

aldehydes to carboxylic acids. Following TP251 and TP267, TP147 (m/z = 147.0556, 

C8H7N2O) was formed via bond cleavage. Due to fast reaction between CBZ and O3, 

oxidation by ·OH played a minor role in oxidation with NAT/AT. The hydroxylated product, 

TP253a (m/z = 253.0972, C15H13N2O2), was detected with the lowest response among all 5 

TPs, with its maximum peak area three orders of magnitude less than that of TP251. 

For BDD electro-oxidation, the TP with the highest response in the MS was also TP251, 

although the maximum peak area was one order of magnitude smaller compared to that for 

NAT/AT (Figure 3.4b), which can be explained by the longer treatment time. Another TP 

with m/z = 253.0972 (TP253b) was detected, which was not seen during NAT/AT 

electrolysis. This product is carbamazepine 10,11-epoxide (CBZ-EP) based on direct 

comparison to commercial standard. The peak area of CBZ-EP stayed relatively constant 

during 20 min of electrolysis (Figure 3.S9b). In the case of BDD-induced ·OH-mediated 

oxidation, in comparison to the direct formation of TP251 (BQM) via ozonation, we propose 

that CBZ is first oxidized to its hydroxylated product (TP253a), which is in turn oxidized to 

BQM (Figure 3.3, route 2). The bond cleavage product TP147 was not detected during BDD 
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electrolysis in NaClO4 electrolytes. Additionally, TP267 was detected at very low levels 

only in the presence of SO4
2-, which indicates that ·OH was less effective than SO4·- for the 

oxidation of aldehydes to carboxylic acids. 

Finally, electrolysis in NaClO4 led to the formation of TP180 (m/z = 180.0819, C13H10N), 

which was confirmed using a reference standard to be acridine, a known mutagenic and 

carcinogenic compound.11 TP180 is relatively stable. It forms in CBZ stock solutions and, in 

cases where the stock was kept for longer times, was actually detected without electrolysis. 

TP180 is also transformed slowly by ·OH. Comparing to the relatively fast removal by O3 

with NAT/AT, it was only slowly removed using BDD (Figure 3.S9b). 

Removal of the TPs was slower in comparison to parent compound degradation. The 5 

TPs detected using NAT/AT were formed and basically completely removed within 5 min 

of electrolysis (Figure 3.4a and 3.S9a). For BDD, the TP concentrations leveled off after 20 

min, after which their concentrations started to decrease due to further oxidation (Figure 

3.4b and 3.S9b). This result indicates that longer treatment times are required for further 

oxidative removal of the TPs where ·OH is the sole oxidant. 
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Figure 3.4 CBZ transformation product evolution in NaClO4 electrolytes at (a) NAT/AT 

and (b) BDD. 

 

CBZ in NaCl electrolytes. In NaCl electrolytes, more TPs were detected compared to 

those found during electrolysis in NaClO4. During electrolysis in NaCl, 22 and 18 out of all 

23 TPs were detected using NAT/AT and BDD anodes, respectively. For NAT/AT, TP251 

was again the highest response TP with maximum peak intensity occurring at 0.5 min 

(Figure 3.5a). In this case, unlike that in NaClO4, it was no longer the overwhelming peak 

in the MS. If we assign the peak area of TP251 at 0.5 min to be a response of 1.0, then 7 of 

the other TPs had maximum responses of >0.05. TP285 (m/z = 285.0437, C15H10N2O2Cl) 

had a response of ~0.74 and was identified as the chlorination by-product of TP251. TP253b 

(CBZ-EP), the epoxide product mediated by ·OH oxidation, was also detected at substantial 

levels in NaCl compared to that in NaClO4. Another set of interesting TPs included TP208 

(m/z = 208.0768, C14H10NO), TP224 (m/z = 224.0716, C14H10NO2), TP180, and TP196 (m/z 

= 196.0768, C13H10NO). TP208 was determined to be 9-acridine-carboxaldehyde. Possible 

precursors for it include TP253a and TP253b (vide infra). The pathway TP253b → TP208 

has been reported during ozonation,43 ClO2 oxidation,51 and biotransformation46,51 by ring 

contraction and loss of the carbamoyl group. Oxidation of the aldehyde group on TP208 

gives the corresponding carboxylic acid product TP224 (9-acridinecarboxylic acid), which 

can undergo decarboxylation to give TP180, acridine. TP208 and TP224 represent another 

aldehyde-to-carboxylic-acid pair like TP251 and TP267. Hydroxylation and oxidation of 

TP180 then leads to the formation of TP196, acridone, which also had a relative response 

factor of >0.05. The oxidation of acridine to acridone has been confirmed in electrochemical 

oxidation39 and represents a known biological detoxification process.46 The sequence of 

pathways from TP208 to TP196 has been observed in biotransformation in WWTP biological 

processes40 as well as with the white-rot fungus Pleurotus ostreatus.41,46 Direct formation of 

TP180 from TP208 by cleavage of the aldehyde group is also possible.46,51 In addition to the 

above 4 TPs, TP226 (m/z = 226.0869, C14H12NO2) could be another hydroxylated precursor 

of TP208, and TP253c (m/z = 253.0613, C14H9N2O3) is proposed to form via an 

intramolecular cyclization at the carbamoyl group. Overall, since O3 production is inhibited 
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in the presence of Cl-, other oxidation pathways played more important roles in the 

formation of the other TPs. 

Many additional TPs were observed using NAT/AT although with lower relative 

responses. In addition to TP285, which is the chlorinated by-product of TP251, TP301 (m/z 

= 301.0380, C15H10N2O3Cl), TP181 (m/z = 181.0173, C8H6N2OCl), TP289 (m/z = 289.0746, 

C15H14N2O2Cl),49 and TP230 (m/z = 230.0380, C13H9NOCl) were identified as the 

chlorinated by-products of TP267, TP147, TP253b, and TP196, respectively. TP271 (m/z = 

271.1088, C15H15N2O3) was identified as 10,11-dihydro-10,11-cis-dihydroxy-

carbamazepine (cis-diOH-CBZ). TP205 (m/z = 205.0769, C14H9N2) and TP211 (m/z = 

211.0875, C13H11N2O) were two other products, besides TP253c, that may have formed after 

carbamoyl group intramolecular cyclization. This cyclization pathway has also been 

proposed in the treatment of CBZ by UV/chlorine and UV/H2O2.42,48,52 Finally, TP230 (m/z 

= 230.0380, C13H9NOCl), TP244 (m/z = 244.0619, C13H10NO4), and TP278 (m/z = 278.0229, 

C13H9NO3Cl) are proposed to be the singly and multiply hydroxylated and chlorinated 

product of TP196, acridone. 

Formation patterns of several TPs were different when SO4
2- was present in the 

electrolyte. Like TPs formed in NaClO4 electrolytes, the relative response factor of TP267 

was significantly higher (Figure 3.S10a) along with its corresponding chlorinated by-

product, TP301 (Figure 3.S10b). Another carboxylic acid product, TP224, was also detected 

in higher abundance when SO4
2- was added to the base electrolyte despite TP208 having a 

lower response (Figure 3.S10c). Meanwhile, lower response factors for several other TPs 

were observed. The more prominent ones include TP226, TP271, and TP253a (Figure 

3.S10d-e). These collective observations indicate that, in the presence of SO4
2-, oxidation 

was primarily promoted by ·OH and SO4·- simultaneously along with subsequent 

chlorination. However, ·OH played a smaller role in oxidation comparing to the cases in 

which SO4
2- was absent. Since electron transfer is the preferred oxidation pathway by SO4·- 

as opposed to addition or H-abstraction, the hydroxylated products produced by ·OH 

oxidation were formed in lower yields. 

In the case of BDD electrolysis, the product with the highest response was TP208 with 

an intensity that peaked at 0.5 min (Figure 3.5b). TP208 was followed by TP253b and TP180 
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with relative response factors of ~0.59 and 0.36, respectively. Like the reactions occurring 

in NaClO4 electrolytes, the maximum MS peak area was also one order of magnitude smaller 

than that for NAT/AT. TP147 and TP267, as well as their chlorinated by-products TP181 

and TP301, were not detected during BDD electrolysis at measurable levels in both solutions. 

Furthermore, TP251 appeared to be a less important TP, which suggests that other oxidation 

pathways predominated over route 2 in Figure 3.3. Overall, the same mixture of TPs was 

observed using BDD as those found with NAT/AT. 

 

 

Figure 3.5 Major CBZ transformation product evolution in NaCl electrolytes at (a) NAT/AT 

and (b) BDD. 

 

CBZ was completely degraded within 1 min of electrolysis using NAT/AT. Most of the 

22 TPs detected during NAT/AT electrolysis peaked between 0.5 and 1 min and then were 

either removed completely or to a high degree after 5 min (Figure 3.5a and 3.S11a). For 

BDD, 100% CBZ removal occurred around 5 min, whereas most of the TPs peaked between 

2 and 5 min and were then partially removed after 20 min of electrolysis (Figure 3.5b and 

0 1 2 3 4 5

0

50000

100000

150000

200000

Time (min)

A
re

a

TP226

TP180

TP251

TP253b

TP285

TP208

NAT/AT Cl major

TP253c

0 1 2 3 4 5

0

50000

100000

150000

200000

Time (min)

A
re

a

TP180

TP251

TP253b

TP285

NAT/AT SO4Cl major

TP253c

TP301

TP208

(a)

0 5 10 15 20

0

20000

40000

60000

Time (min)

A
re

a

TP244

TP180

TP253b

TP285

TP208

TP230

TP205

BDD Cl major

0 5 10 15 20

0

20000

40000

60000

Time (min)

A
re

a

TP244

TP180

TP253b

TP285

TP208

TP230

TP205

BDD SO4Cl major(b)



 

 

75 

3.S11b). These results indicate the effectiveness of O3 in eliminating the intermediate TPs 

in addition to the initial oxidation step of CBZ. Responses of all TPs in MS at the two 

electrodes in all four electrolyte combinations are summarized in Table 3.S3. 

CBZ TP quantification and pathway elucidation. The more important TPs of CBZ were 

confirmed and quantified where commercial standards are available – TP180 (acridine), 

TP253b (carbamazepine 10,11-epoxide) and TP224 (9-acridinecarboxylic acid). TP180 and 

TP224 are also known to be toxic. More of all the 3 TPs was detected in NaCl than in NaClO4 

electrolytes. Peak concentrations of ~1.8, 2.0, and 0.054 M were recorded for TP180, 

TP253b, and TP224, respectively (Figure 3.S12). In all electrolytes and in secondary effluent 

(discussed below), these 3 TPs did not constitute a major part (<15%) of the transformed 

CBZ in terms of mass balance. Mass balance is not closed here due to the variety of TPs 

detected and a lack of reference standards. However, identification over complete 

quantification of the TPs and of their removal trends can be more important for practical 

engineering purposes, since TP distributions can vary a lot depending on the wastewater 

composition, yet TP identification can help facilitate treatment efficiency evaluation and 

toxicity assessment in general. 

Electrolysis using the TP253b and TP224 as parent compounds was also conducted to 

further elucidate and confirm the transformation pathways in Figure 3.3 (more details in 

Figure 3.S13-14). In general, formation of many TPs are possible via multiple pathways. 

FCZ. A lot less TPs (<10 total) have been reported for FCZ in literature compared to 

those for CBZ,12,25,53–56 ranging from 0 detected in constructed wetlands56 to 6 under 

UV/chlorine.12 In NAT/AT and BDD systems, only 1 TP, TP224 (m/z = 224.0643, 

C10H8F2N3O), was detected in the MS for FCZ degradation in NaClO4 electrolytes. It formed 

from cleavage of the parent molecule (Figure 3.6a). This product has been reported 

previously as a degradation product during treatment with UV/chlorine and with H2O2 

solutions.12,53 TP224 is predicted to have a higher toxicity than FCZ.12 During NAT/AT 

electrolysis, TP224 peaked at 1.5 min and was completely removed after 5 min, while with 

BDD, its concentration leveled off at ∼20 min (Figure 3.6b). The absence of TP224 in NaCl 

electrolytes suggests that it could be susceptible to attack by chlorine radical species. Given 
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the lack of detectable TPs, it appears that a fast total oxidation of the intermediate products 

takes place compared to the more persistent parent molecule FCZ. 

 

 

Figure 3.6 (a) Proposed formation pathway and (b) evolution of FCZ transformation product 

TP224 at NAT/AT and BDD. 

 

Pharmaceutical removal in environmental waters. The oxidative degradation of CBZ 

and FCZ and formation of their transformation products were also carried out in actual latrine 

wastewater and in secondary effluent along with a mixture of common pharmaceutical 

compounds. Previously, Lee et al. characterized micropollutant elimination during ozonation 

into 5 categories based on their reaction rate constants with O3 and ·OH.6,26 CBZ and FCZ 

fall into group Ia with the fastest kinetic rates and group IV with the slowest kinetic rates, 

respectively. In order to obtain a quantitative ranking of pharmaceutical degradation with 

NAT/AT, 5 other pharmaceuticals in the top 100 list1 were selected from the different 

categories. They included atenolol (ATL, group Ib), gabapentin (GBP, group II), 

trimethoprim (TMP, group Ia), sulfamethoxazole (SMX, group Ia), and ibuprofen (IBP, 

group III). The physical chemical properties of the 7 target compounds including their pKa 

values and rate constants with O3 and ·OH are summarized in Table 3.S4. Individual 

degradation kinetics of ATL, GBP, and IBP at NAT/AT and their kinetic modeling 

predictions are shown in Figure 3.S15. 
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Figure 3.7 Removal of spiked pharmaceutical compounds (2 M each) during electrolysis 

of (a) latrine wastewater and (b) secondary effluent by NAT/AT. 

 

The seven pharmaceuticals were spiked into the wastewaters at 2 M each, which is 

higher than the typical concentrations detected in wastewater sources (ranging from 0 to 

several thousand ng/L), to investigate treatment with elevated concentrations.1 The chemical 

compositions of the wastewaters are given in Table 3.S5. In latrine wastewater, due to the 

presence of high background levels of COD (440 mg/L) and NH4
+ (31 mM), and the resulting 

competitive consumption of oxidants, degradation was retarded comparing to that in pure 

electrolytes. In latrine wastewater, >80% removal of the spiked pharmaceutical compounds 

was achieved in 75 min electrolysis except for FCZ, GBP, and IBP (Figure 3.7a), indicating 

longer treatment times were required. In addition, a COD reduction of ~300 mg/L was 

attained simultaneously (Figure 3.S16). In domestic secondary wastewater treatment 

effluent, the pharmaceuticals were degraded faster in comparison to latrine wastewater due 

to low initial COD (80 mg/L) and NH4
+ (0.3 mM) concentrations. Complete removal of all 

pharmaceuticals except for FCZ was achieved in 5 min of electrolysis, while the time 

required for FCZ removal was 15 min (Figure 3.7b), at which point the complete removal 

of COD was also obtained. 8 of the TPs of CBZ (TP147, TP271, TP180, TP253a, TP267, 

TP251, TP253b, and TP208) and TP224 of FCZ were detected. Accompanying parent 

compound degradation, complete removal of all 9 TPs for both CBZ and FCZ was also 

achieved in 15 min (Figure 3.S17). Compared to NAT/AT, BDD, while achieving similar 

COD reduction (Figure 3.S16), demonstrated better performance for pharmaceutical 
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degradation in latrine wastewater and worse performance in secondary effluent (Figure 

3.S18-19). This result indicates the advantage of NAT/AT application in systems with lower 

chloride concentration. Potential improvement could also be achieved by including 

pretreatment units to lower COD and remove NH4
+ and other interfering components from 

wastewaters before electrochemical treatment. 

 

3.5 Conclusions 

In summary, the NAT/AT anodes demonstrated promising performance in degrading 

a range of pharmaceutical compounds (with very different reactivities with O3) as well as 

their transformation products. The NAT/AT-SS system, requiring lower cell voltage than 

BDD (Table 3.S5) under the same applied current density, could achieve similar or better 

removal with lower energy consumption. It thus potentially represents a more economical 

and efficient method for water treatment practices that is capable of large-scale 

implementation. Moreover, the secondary effluent used herein had similar chemical 

compositions to a biologically-treated hospital wastewater previously investigated,22 

suggesting that electrolytic oxidation with NAT/AT could also provide a suitable treatment 

alternative for the control of pharmaceuticals in hospital wastewaters. 
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Figure 3.S1 Experimental results and kinetic modeling predictions (dashed lines) for CBZ 

degradation by NAT/AT in (a) ClO4: 50 mM NaClO4 and SO4ClO4: 5 mM Na2SO4 + 50 mM 

NaClO4 and (b) Cl: 50 mM NaCl and SO4Cl: 5 mM Na2SO4 + 50 mM NaCl electrolytes. 

 

 

Figure 3.S2 Experimental results and kinetic modeling predictions (dashed lines) for FCZ 

degradation by NAT/AT in (a) ClO4: 50 mM NaClO4 and SO4ClO4: 5 mM Na2SO4 + 50 mM 

NaClO4 and (b) Cl: 50 mM NaCl and SO4Cl: 5 mM Na2SO4 + 50 mM NaCl electrolytes. 

Modeling result in SO4Cl (5 mM Na2SO4 + 50 mM NaCl) did not reflect the faster FCZ 

degradation in the presence of SO4
2- as recorded in the experiments, suggesting that other 

pathways may potentially produce SO4·- in addition to the homogeneous reactions (reaction 

60 through 78 in Table 3.S1). One possibility is that SO4·- was generated electrochemically 

like ·OH, O3, and chlorine radicals. Taking an estimated zero-order rate constant of ~1 × 10-

8 s-1 for SO4·- production, the model was able to reproduce a similar enhanced degradation 

kinetics. 

 

 

Figure 3.S3 Linear sweep voltammograms (LSV) of (a) BDD in 50 mM NaClO4, (b) BDD 

in 50 mM NaCl, and (c) NAT/AT in 50 mM NaCl electrolytes in the absence and presence 

of 20 M CBZ or FCZ. 
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Evidence for direct electron transfer (DET) at BDD is suggested given the peak around 

3.0 VNHE in the FCZ + 50 mM NaClO4 voltammogram, which was absent in the 50 mM 

NaClO4 control voltammogram. A similar but less pronounced peak around 2.5 VNHE in the 

FCZ + 50 mM NaCl voltammogram suggested that DET also happens in the presence of 

chloride but probably with less intensity. In both cases, no additional features were observed 

for CBZ compared to the 50 mM NaClO4 or NaCl control voltammograms. On the other 

hand, DET is not known to happen at NAT/AT, which is also confirmed by the absent of 

DET peaks in the NAT/AT voltammograms. 

 

 

Figure 3.S4 FCZ degradation by (a) NAT/AT and (b) BDD in 50 mM NaClO4 electrolytes 

with pH adjusted to 5, 7, and 9 in phosphate buffers. For degradation under pH 5 (no 

adjustment), no phosphate buffer was added. 
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Figure 3.S5 Chlorine evolution rate and current efficiency measured in 50 mM NaCl 

electrolytes during electrolysis by (a) BDD and (b) NAT/AT. 

 

 

Figure 3.S6 Dissolved O3 concentrations measured under different pHs in 50 mM NaCl 

electrolytes during electrolysis by NAT/AT. 

The kinetic model showed that reaction between O3 and OCl- (kO3,OCl- = 120 M-1s-1 vs. 

kO3,HOCl < 0.002 M-1s-1) did not play an important role in affecting [O3] under higher pH. At 

pH 9, reaction between O3 and OH- led to slight decrease in aqueous [O3]. Most of the 

observed difference in [O3], however, should come from different O3 production at NAT/AT. 

 

 

Figure 3.S7 Possible structures for TP253a. 

Several structures for this hydroxy-CBZ TP have been proposed in literature. The 

structures shown have been proposed during ozonation,1 heterogeneous photocatalysis,2 

UV/chlorine,3,4 chlorination,5 UV/H2O2,6 photodegradation,7 and UV/S2O8
2-.8 However, 

since a standard is not available, its exact structure cannot be determined. 
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Figure 3.S8 Mass spectra of TP278, TP181, TP301, TP289, TP285, TP273, and TP230. 

 

 

Figure 3.S9 A zoomed-in look at CBZ transformation product evolution (excluding TP251) 

in NaClO4 electrolytes at (a) NAT/AT and (b) BDD. 

 

BDD_SO4_Cl_10

m/z
60 80 100 120 140 160 180 200 220 240 260 280 300 320 340 360 380 400 420 440 460 480 500 520 540 560 580 600

%

0

100

20210204_CBZ_150 683 (5.233) 1: TOF MS ES+ 
9.44e4273.0434

94375

196.0770
41465

180.0817
28174

137.9883
15553

130.9675
7766

96.9619
3355

158.9617
12147

236.0712
21181

221.0713
6671

254.0822
5619

285.0435
45220

!
287.0410

13030

!;289.0550;3896
332.1146

894
428.8449

493

A2N2_Cl_0.5

m/z
60 80 100 120 140 160 180 200 220 240 260 280 300 320 340 360 380 400 420 440 460 480 500 520 540 560 580 600

%

0

100

20211027_CBZ_143 684 (5.241) 1: TOF MS ES+ 
4.84e4230.0376

48393

137.9879
32631

118.0868
5100

111.0200
3787

!
90.5068

45668.5734
307

208.0765
32437

158.9613
20866

141.9587
7024

182.9858
12334

180.0818
9056

169.1405
2557

186.9577
4569

209.0789
5236

232.0343
14329

!
303.8833

3213
259.9889

2633

233.0390
1888

271.0661
2506 401.8384

1105
331.8854

512

!
371.3107

451

!
361.9767

261
494.8105

626

!
484.8107

563

!
432.8277

519

!
443.6683

509 543.9152
390

!
510.7428

382

!
556.7220

340 594.6740
248

0 1 2 3 4 5

0

5000

10000

15000

20000

Time (min)

A
re

a

TP147

TP180

TP253a

TP267

NAT/AT ClO4

0 1 2 3 4 5

0

5000

10000

15000

20000

Time (min)

A
re

a

TP147

TP180

TP253a

TP267

NAT/AT SO4ClO4(a)

0 5 10 15 20

0

2000

4000

6000

8000

10000

Time (min)

A
re

a

TP180

TP267

BDD ClO4

TP253b

TP253a

0 5 10 15 20

0

2000

4000

6000

8000

10000

Time (min)

A
re

a

BDD SO4ClO4

TP180

TP267

TP253b

TP253a

(b)



 

 

88 

 

Figure 3.S10 Responses of (a) TP267, (b) TP301, (c) TP224, (d) TP226, and (e) TP271 and 

TP253a of CBZ at NAT/AT in the absence (left) and presence (right) of 5 mM Na2SO4 in 50 

mM NaCl electrolytes. 
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Figure 3.S11 CBZ transformation product evolution (all) in NaCl electrolytes at (a) NAT/AT 

and (b) BDD. 
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Avg n.d. n.d. 1039 1756 n.d. n.d. 507 514 n.d. 

Conc 

(M) 

n.d. n.d. 0.032 0.054 n.d. n.d. 0.015 0.016 n.d. 

a. Treatment of secondary effluent by NAT/AT. 

b. Estimated concentration only since exact hydrate number of the standard is not 

available. 

 

 

Figure 3.S12 Peak concentrations and calibration curves of TP180 (acridine), TP253b 

(carbamazepine 10,11-epoxide), and TP224 (9-acridinecarboxylic acid) at NAT/AT and 

BDD in different electrolytes. 

 

 

Figure 3.S13 Electrochemical oxidation and transformation product evolution of 20 M 

TP253b (CBZ-EP) at (a) NAT/AT and (b) BDD in 50 mM NaClO4 and NaCl electrolytes. 
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Oxidation of CBZ to form TP251 (BQM) via TP253b (CBZ-EP) and TP271 (diOH-

CBZ) has been proposed in the biodegradation with white-rot fungus Pleurotus ostreatus.9,10 

However, the intermediate TP271, which was commonly detected together with TP253b, 

was not detected in CBZ oxidation with both electrodes in NaClO4 electrolytes. One 

possibility is that it was rapidly transformed. 

To further investigate transformation pathways in the NAT/AT and BDD system, 

electrolysis of 20 M TP253b (CBZ-EP) standard was conducted. It is obvious that O3 

greatly facilitated TP253b removal (Figure 3.S13a, left). While both TP251 and TP147 were 

detected in NaClO4 electrolytes, their reponses were very low comparing to those detected 

in CBZ degradation (Figure 3.4 and 3.S9), especially considering the elevated initial TP253b 

concentration. The same was true for the other two TPs, TP180 and TP267. Therefore, the 

above-proposed CBZ → TP253b → TP271 → TP251 pathway during biodegradation is 

likely not important to negligible in our system. 

Similar observations can be made in NaCl electrolytes. While several CBZ TPs were 

deteced during TP253b oxidation, their responses were very low in comparison (Figure 3.5 

and 3.S11). However, the set of TPs (TP208, TP224, TP180, and TP196) in CBZ oxidation 

in NaCl electrolytes were all detected here as well, confirming the proposed TP253b → 

TP208 → TP224 → TP180 → TP196 sequence, even though it is not the only pathway. 

Other pathways likely contributed more significantly to the formation of these TPs during 

CBZ oxidation. 

One other thing to note is that a new TP (N180, m/z = 180.0802, C13H10N) was detected. 

Its exact structure cannot be determined. 
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Figure 3.S14 Electrochemical oxidation and transformation product evolution of 20 M 

TP224 (9-acridinecarboxylic acid) at (a) NAT/AT and (b) BDD in 50 mM NaClO4 and NaCl 

electrolytes. 

It was observed that O3 also promoted TP224 removal (Figure 3.S14a, left). TP224 was 

only detected in NaCl electrolytes during CBZ degradation. Focusing on the two figures on 

the right (NAT/AT and BDD Cl), we can see that formation of TP180 and TP196 from 

TP224 was confirmed. TP230, the chlorinated product of TP196, was also detected. Similar 

to the case for TP253b, reponses of the detected TPs were very low comparing to those 

detected in CBZ degradation (Figure 3.5 and 3.S11), considering the elevated initial TP224 

concentration. Other pathways likely contributed more significantly to the formation of these 

TPs during CBZ oxidation. 

A new TP (N272, m/z = 272.0558, C14H10NO5) was detected. It is proposed to be the tri-

hydroxylated product of TP224. 
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Figure 3.S15 Experimental results and kinetic modeling predictions (dashed lines) for (a) 

atenolol (ATL), (b) gabapentin (GBP), and (c) ibuprofen (IBP) degradation by NAT/AT in 

50 mM NaClO4 electrolytes. 

Experimental degradation of both GBP (group II) and IBP (group III)11,12 was faster than 

model predictions, suggesting accelerated kinetics.13 

 

 

Figure 3.S16 COD removal during treatment of latrine wastewater spiked with 

pharmaceuticals. 
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Figure 3.S17 Transformation product evolution for (a) CBZ, (b) a zoomed-in look for 

CBZ excluding TP251, and (c) FCZ during treatment of secondary effluent spiked with 

pharmaceuticals by NAT/AT. 

 

 

Figure 3.S18 Removal of spiked pharmaceutical compounds (2 M each) during electrolysis 

of (a) latrine wastewater and (b) secondary effluent by BDD. 

 

 

Figure 3.S19 Transformation product evolution for (a) CBZ, and (b) a zoomed-in look for 

CBZ excluding TP285 during treatment of secondary effluent spiked with pharmaceuticals 

by BDD. TP224 of FCZ was not detected. 

 

Text 3.S1 Kinetic modeling. 
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valuable insights and predictions for pharmaceutical degradation but in a relative sense, 

since reactive species generation (especially O3) varies depending on pH and other factors 

such as [Cl-]. In addition, in different solution matrices, reactive species are consumed to 

different degrees and sorption behaviors of organic compounds can also vary significantly. 

 

Table 3.S1 Principle reactions in the kinetic model. 

No. Reaction Rate constant Reference 

    

1 H+ + OH- → H2O 1.00 × 1011 M-1s-1 15 

2 H2O → H+ + OH- 1.00 × 10-3 s-1 15 

3 H+ + HO2
- → H2O2 5.00 × 1010 M-1s-1 15 

4 H2O2 → H+ + HO2
- 1.30 × 10-1 s-1 15 

5 H+ + Cl- → HCl 5.00 × 1010 M-1s-1 15 

6 HCl → H+ + Cl- 8.60 × 1016 s-1 15 

7 H+ + OCl- → HOCl 5.00 × 1010 M-1s-1 15 

8 HOCl → H+ + OCl- 1.40 × 103 s-1 15 

9 H+ + SO4
2- → HSO4

- 5.00 × 1010 M-1s-1 Assumed 

10 HSO4
- → H+ + SO4

2- 6.00 × 108 M-1s-1 Calculateda 

11 H+ + SO5
2- → HSO5

- 5.00 × 1010 M-1s-1 15 

12 HSO5
- → H+ + SO5

2- 2.00 × 101 M-1s-1 15 

    

13 MO → O3 6.92/1.42 × 10-7 s-1 13 

14 MO → HO⋅ 1.69 × 10-6 s-1 13 

15 MO + Cl- → Cl⋅ 1.50 × 10-5 s-1 13 

16 MO + 2Cl- → Cl2 8.05 × 10-1 s-1 13 

17 MO + OCl- → OCl⋅ 3.89 × 102 s-1 13 

    

18 HO⋅ + H2O2 → HO2⋅ + H2O 2.70 × 107 M-1s-1 16 

19 HO⋅ + OH- → O⋅- + H2O 1.20 × 1010 M-1s-1 17 

20 HO⋅ + HO⋅ → H2O2 5.50 × 109 M-1s-1 16 

21 HO⋅ + Cl- → ClOH⋅- 4.30 × 109 M-1s-1 18 
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22 HO⋅ → Products 1.00 × 107 s-1 13 

    

23 ClOH⋅- → Cl- + HO⋅ 6.10 × 109 s-1 18 

24 ClOH⋅- + H+ → Cl⋅ + H2O 2.10 × 1010 M-1s-1 18 

25 ClOH⋅- + Cl- → Cl2⋅- + OH- 1.00 × 104 M-1s-1 19 

    

26 Cl⋅ + H2O → ClOH⋅- + H+ 2.50 × 105 M-1s-1 20 

27 Cl⋅ + H2O2 → HO2⋅ + Cl- + H+ 2.00 × 109 M-1s-1 21 

28 Cl⋅ + OH- → ClOH⋅- 1.80 × 1010 M-1s-1 22 

29 Cl⋅ + Cl- → Cl2⋅- 8.00 × 109 M-1s-1 23 

    

30 Cl2⋅- + H2O → Cl- + HClOH 1.30 × 103 M-1s-1 20 

31 Cl2⋅- + H2O2 → HO2⋅ + 2Cl- + H+ 1.40 × 105 M-1s-1 24 

32 Cl2⋅- + OH- → ClOH⋅- + Cl- 4.50 × 107 M-1s-1 19 

33 Cl2⋅- → Cl⋅ + Cl- 6.00 × 104 s-1 23 

    

34 HClOH → Cl⋅ + H2O 1.00 × 102 s-1 20 

35 HClOH → ClOH⋅- + H+ 1.00 × 108 s-1 20 

36 HClOH + Cl- → Cl2⋅- + H2O 5.00 × 109 M-1s-1 20 

    

37 Cl⋅ + Cl⋅ → Cl2 8.80 × 107 M-1s-1 25 

38 Cl⋅ + Cl2⋅- → Cl- + Cl2 2.10 × 109 M-1s-1 21 

39 Cl2⋅- + HO⋅ → HOCl + Cl- 1.00 × 109 M-1s-1 26 

40 Cl2⋅- + Cl2⋅- → 2Cl- + Cl2 9.00 × 108 M-1s-1 21 

    

41 Cl2 + H2O → HOCl + Cl- + H+ 1.50 × 101 M-1s-1 27 

42 Cl2 + H2O2 → O2 + 2HCl 1.30 × 104 M-1s-1 24 

43 Cl2 + O2⋅- → O2 + Cl2⋅- 1.00 × 109 M-1s-1 24 

44 Cl2 + HO2⋅ → O2 + Cl2⋅- + H+ 1.00 × 109 M-1s-1 28 

45 Cl2 + Cl- → Cl3
- 2.00 × 104 M-1s-1 29 

    

46 Cl3
- + O2⋅- → Cl2⋅- + Cl- + O2 3.80 × 109 M-1s-1 24 
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47 Cl3

- + HO2⋅ → Cl2⋅- + HCl + O2 1.00 × 109 M-1s-1 28 

48 Cl3
- → Cl2 + Cl- 1.10 × 105 s-1 29 

    

49 HOCl + H2O2 → HCl + H2O + O2 1.10 × 104 M-1s-1 30 

50 HOCl + HO⋅ → OCl⋅ + H2O 2.00 × 109 M-1s-1 24 

51 HOCl + O2⋅- → Cl⋅ + OH- + O2 7.50 × 106 M-1s-1 24 

52 HOCl + HO2⋅ → Cl⋅ + H2O + O2 7.50 × 106 M-1s-1 24 

53 HOCl + Cl⋅ → OCl⋅ + Cl- + H+ 3.00 × 109 M-1s-1 22 

54 HOCl + Cl- + H+ → Cl2 + H2O 1.82 × 104 M-2s-1 27 

    

55 OCl- + H2O2 → Cl- + H2O + O2 1.70 × 105 M-1s-1 30 

56 OCl- + HO⋅ → OCl⋅ + OH- 8.80 × 109 M-1s-1 24 

57 OCl- + O2⋅- + H2O → Cl⋅ + 2OH- + O2 2.00 × 108 M-2s-1 24 

58 OCl- + Cl⋅ → OCl⋅ + Cl- + H+ 8.20 × 109 M-1s-1 22 

    

59 OCl⋅ + OCl⋅ → P3 7.50 × 109 M-1s-1 31 

    

60 HSO4
- + HO⋅ → SO4⋅- + H2O 6.90 × 105 M-1s-1 16 

61 HSO4
- + O3 → Products 1.00 × 10-4 M-1s-1 32 

62 SO4
2- + Cl⋅ → SO4⋅- + Cl- 2.50 × 108 M-1s-1 33 

    

63 SO4⋅- + H2O → HSO4
- + HO⋅ 6.60 × 102 M-1s-1 34 

64 SO4⋅- + H2O2 → HSO4
- + HO2⋅ 1.20 × 107 M-1s-1 35 

65 SO4⋅- + OH- → SO4
2- + HO⋅ 1.40 × 107 M-1s-1 34 

66 SO4⋅- + HO⋅ → HSO5
- 1.00 × 1010 M-1s-1 36 

67 SO4⋅- + HO2⋅ → HSO4
- + O2 3.50 × 109 M-1s-1 37 

68 SO4⋅- + SO4⋅- → S2O8
2- 7.60 × 108 M-1s-1 37 

69 SO4⋅- + HSO5
- → HSO4

- + SO5⋅- 1.00 × 106 M-1s-1 38 

70 SO4⋅- + SO5
2- → SO4

2- + SO5⋅- 1.00 × 108 M-1s-1 38 

71 SO4⋅- + S2O8
2- → SO4

2- + S2O8⋅- 6.60 × 105 M-1s-1 37 

72 SO4⋅- + Cl- → SO4
2- + Cl⋅ 4.70 × 108 M-1s-1 33 
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73 HSO5

- + HO⋅ → SO5⋅- + H2O 1.70 × 107 M-1s-1 39 

74 SO5
2- + HO⋅ → SO5⋅- + OH- 2.10 × 109 M-1s-1 39 

    

75 SO5⋅- + HO2⋅ → HSO5
- + O2 5.50 × 107 M-1s-1 40 

76 SO5⋅- + SO5⋅- → 2SO4⋅- + O2 2.10 × 108 M-1s-1 38 

77 SO5⋅- + SO5⋅- → S2O8
2- + O2 2.20 × 108 M-1s-1 38 

    

78 S2O8
2- + HO⋅ → S2O8⋅- + OH- 1.40 × 107 M-1s-1 41 

    

79 O3 + H2O2 → O2 + HO⋅ + HO2⋅ 6.50 × 10-3 M-1s-1 42 

80 O3 + OH- → O2 + HO2
- 7.00 × 101 M-1s-1 43 

81 O3 + HO⋅ → O2 + HO2⋅ 1.10 × 108 M-1s-1 43 

82 O3 + O2⋅- → O3⋅- + O2 1.60 × 109 M-1s-1 44 

83 O3 + HO2
- → O2 + HO⋅ + O2⋅- 2.80 × 106 M-1s-1 42 

84 O3 + Cl- → O2 + OCl- 3.00 × 10-3 M-1s-1 32 

85 O3 + HOCl → Products 2.00 × 10-3 M-1s-1 32 

86 O3 + OCl- → Products 1.20 × 102 M-1s-1 32 

87 O3 + ClO3
- → Products 1.00 × 10-4 M-1s-1 32 

88 O3 + ClO4
- → Products 2.00 × 10-5 M-1s-1 32 

89 O3 + Cl2⋅- → Products 9.00 × 107 M-1s-1 45 

90 O3 → Products 7.04/3.28 × 10-3 s-1 13 

    

91 O3⋅- + H+ → HO3⋅ 5.20 × 1010 M-1s-1 44 

92 O3⋅- + HO⋅ → HO2⋅ + O2⋅- 8.50 × 109 M-1s-1 46 

93 O3⋅- + O⋅- → 2O2⋅- 7.00 × 108 M-1s-1 47 

94 O3⋅- → O2 + O⋅- 3.30 × 103 s-1 48 

    

95 O2⋅- + H2O2 → O2 + HO⋅ + OH- 1.30 × 10-1 M-1s-1 49 

96 O2⋅- + H+ → HO2⋅ 7.20 × 1010 M-1s-1 50 

97 O2⋅- + HO⋅ → O2 + OH- 7.00 × 109 M-1s-1 49 

98 O2⋅- + O⋅- + H2O → O2 + 2OH- 6.00 × 108 M-2s-1 47 

99 O2⋅- + HO2⋅ → HO2
- + O2 9.70 × 107 M-1s-1 49 



 

 

99 
100 O2⋅- + Cl2⋅- → O2 + 2Cl- 2.00 × 109 M-1s-1 24 

101 O2⋅- + Cl- → Products 1.40 × 10-2 M-1s-1 51 

102 O2⋅- + HOCl → O2 + Cl- + HO⋅ 7.50 × 106 M-1s-1 51 

    

103 O⋅- + O2 → O3⋅- 3.60 × 109 M-1s-1 16 

104 O⋅- + H2O → HO⋅ + OH- 1.70 × 106 M-1s-1 16 

105 O⋅- + HO⋅ → HO2
- 2.00 × 1010 M-1s-1 16 

106 O⋅- + HO2
- → OH- + O2⋅-

 4.00 × 108 M-1s-1 16 

107 O⋅- + OCl- → OCl⋅ + OH- 2.30 × 108 M-1s-1 16 

    

108 HO2⋅ + H2O + O2⋅- → O2 + H2O2 + OH- 9.70 × 107 M-2s-1 51 

109 HO2⋅ + H2O2 → O2 + H2O + HO⋅ 3.00 × 100 M-1s-1 49 

110 HO2⋅ + HO⋅ → O2 + H2O 6.60 × 109 M-1s-1 49 

111 HO2⋅ + HO2⋅ → O2 + H2O2 8.30 × 105 M-1s-1 49 

112 HO2⋅ + Cl2⋅- → O2 + 2Cl- + H+ 3.00 × 109 M-1s-1 24 

113 HO2⋅ + Cl2 → Cl2⋅- + O2 + H+ 1.00 × 109 M-1s-1 28 

114 HO2⋅ → H+ + O2⋅- 7.90 × 105 s-1 15 

    

115 HO2
- + HO⋅ → HO2⋅ + OH- 7.50 × 109 M-1s-1 16 

    

116 HO3⋅ → HO⋅ + O2 1.10 × 105 s-1 44 

117 HO3⋅ → O3⋅- + H+ 3.70 × 104 s-1 44 

a. Calculated using the HSO4
- acid dissociation constant Ka = 1.2 × 10-2 M (pKa = 

1.92)52 

 

Table 3.S2 Fragmentation analyses of TP244, 278, 253a, 267, 253c, and 205 of CBZ. 

TPs Formula Fragment m/z Fragment elemental composition Analysis 

TP244 C13H10NO4 200.0712 

182.0611 

C12H10NO2 

C12H8NO 

- CO2 

- CO2 - H2O 

TP278 C13H9NO4Cl 234.0323 

216.0220 

C12H9NO2Cl 

C12H7NOCl 

- CO2 

- CO2 - H2O 

TP253a C15H13N2O2 236.0711 

210.0922 

C15H10NO2 

C14H12NO 

- NH3 

- CHON 



 

 

100 
180.0817 C13H10N - NH3 - 2CO 

TP267 C15H11N2O3 249.0671 

221.0719 

C15H9N2O2 

C14H9N2O 

- H2O 

- H2O - CO 

TP253c C14H9N2O3 235.0508 

179.0609 

C14H7N2O2 

C12H7N2 

- H2O 

- H2O - 2CO 

TP205 C14H9N2 178.0656 

151.0550 

C13H8N 

C12H7 

- CHN 

- 2CHN 

 

Table 3.S3 Sorted carbamazepine (CBZ) transformation product responsea at NAT/AT and 

BDD. 

NaClO4 Electrolytes 

TPs NAT/AT 

ClO4 

TPs NAT/AT 

SO4ClO4 

TPs BDD ClO4 TPs BDD SO4ClO4 

TP251 0.90382989 TP251 0.96226418 TP251 0.98952151 TP251 0.99620415 

TP147 0.03610589 TP147 0.03701393 TP253b 0.18088225 TP180 0.1227268 

TP267 0.01011511 TP267 0.02578316 TP180 0.14145966 TP253b 0.10876842 

TP180 0.00196006 TP180 0.00216116 TP253a 0.02828460 TP267 0.02676076 

TP253a 0.00167781 TP253a 0.0019577 TP267 0.01201729 TP253a 0.01528693 

 

NaCl Electrolytes 

TPs NAT/AT Cl TPs NAT/AT 

SO4Cl 

TPs BDD Cl TPs BDD SO4Cl 

TP251 0.95408979 TP251 0.99613983 TP208 0.90001086 TP208 0.78266212 

TP285 0.73981642 TP285 0.6952044 TP253b 0.59386958 TP253b 0.53289073 

TP208 0.65311634 TP208 0.4061866 TP180 0.3606068 TP180 0.34448106 

TP180 0.46270393 TP180 0.30062261 TP205 0.18332926 TP285 0.28327174 

TP226 0.09525558 TP253

b 

0.05691551 TP230 0.17303048 TP244 0.22690124 

TP253

b 

0.08776798 TP253c 0.05457997 TP285 0.16501126 TP205 0.18694277 

TP253c 0.05010463 TP301 0.0481018 TP196 0.14764308 TP230 0.16624438 

TP196 0.04887316 TP196 0.04570856 TP289 0.12194361 TP196 0.14185019 

TP230 0.03736705 TP230 0.02646237 TP244 0.08163044 TP273 0.10105349 

TP205 0.02609243 TP205 0.0177823 TP251 0.06925561 TP289 0.09438581 

TP289 0.0134358 TP226 0.01577173 TP273 0.06841434 TP278 0.04815972 

TP211 0.01318202 TP224 0.01087495 TP211 0.06335314 TP251 0.04692144 

TP224 0.00792113 TP211 0.01051145 TP253a 0.05441125 TP211 0.03343367 

TP253a 0.00612342 TP289 0.00872597 TP271 0.04591712 TP253a 0.02721367 

TP271 0.0055833 TP181 0.00800583 TP226 0.03709734 TP271 0.02276537 



 

 

101 
TP244 0.00449258 TP278 0.00581835 TP224 0.02863036 TP210 0.01748838 

TP301 0.0026327 TP267 0.00551236 TP210 0.01774811 TP224 0.01503086 

TP273 0.00210493 TP253a 0.00327097 TP278 0.01287688 TP226 0.0089728 

TP181 0.00146913 TP273 0.0021928 
    

TP147 0.00144135 TP271 0.00212902 
    

TP278 0.0013882 TP147 0.00083521 
    

TP267 0.00090123 TP244 0.00081129 
    

a. Take the peak area of the TP with highest maximum response in MS to be 1.0, the 

table summarized responses of other TPs relative to the max. 

b. TPs marked with underline have, to the best of our knowledge, not been reported 

before. 

c. TPs marked in green are not detected at BDD, and TPs marked in blue are not 

detected at NAT/AT, in respective electrolytes. 

 

Table 3.S4 Target pharmaceutical compound properties. 

 pKa log Kow kO3 (M
-1s-1)a Ref k·OH (M-1s-1) Ref 

Carbamazepine (CBZ) - 2.3-2.77 3.0 × 105 53 8.8 × 109 53 

Fluconazole (FCZ) 2.6, 2.9, 11.0 0.25-0.5 2.0 11 4.4 × 109 11 

Sulfamethoxazole (SMX) 5.7 0.89 5.7 × 105 54 5.5 × 109 53 

Trimethoprim (TMP) 3.2, 7.1 0.91 2.7 × 105 54 6.9 × 109 54 

Atenolol (ATL) 9.6 0.16 1.7 × 103 55 8.0 × 109 55 

Gabapentin (GBP) 3.7 -1.1 2.2 × 102 11 9.1 × 109 11 

Ibuprofen (IBP) 4.9 3.97 9.6 53 7.4 × 109 53 

a. Rate constants with O3 at pH 7. 

 

Table 3.S5 Composition of latrine wastewater and secondary effluent. 

Property Latrine wastewater Secondary effluenta 

pH 8.3 7.5 

Conductivity (mS cm-1) 16.5 1.2 

Cell voltage (EWE – ECE, V) 4.0 V (NAT/AT), 5.9 V 

(BDD) 

5.4 V (NAT/AT), 7.5 V 

(BDD) 

COD (mg O2 L
-1) 440 ~80 

[NH4
+] (mM) 31 0.3 

[Cl-] (mM) 72 4.1 
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[Na+] (mM) 81 6.0 

[K+] (mM) - 0.4 

[Mg2+] (mM) - 0.7 

a. Composition of the secondary effluent was similar to a biologically-treated 

hospital wastewater used by Lan et al.56 (pH 7.84, conductivity 1.2 mS/cm, COD 

86 mg/L, [Cl-] 2.0 mM, [Na+] 7.0 mM, [K+] 0.9 mM, [Mg2+] 0.4 mM). 
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3.9 Additional Notes 

In both chapter 2 and 3, neither the experimental nor the kinetic modeling section took 

into account specific effects from the carbonate system (bicarbonate and carbonate), which 

can act as another sink for the oxidant species, especially OH. However, the model included 

a general-sink reaction (No. 20 and 22 in chapter 2 and 3, respectively) for OH with an 

assumed rate constant of 1.00 × 107 s-1. Taking the rate constants between OH and HCO3
-

/CO3
2- (k·OH,HCO3- = 8.5 × 106 M-1s-1, k·OH,CO3= = 3.9 × 108 M-1s-1),16 the rate of consumption 

of OH from the carbonate system is not important under typical water and wastewater 

carbonate concentrations. A similar analysis can be made for O3 (kO3,HCO3- ≪ 0.01 M-1s-1, 

kO3,CO3= < 0.01 M-1s-1).32 Still, incorporating the carbonate-related reactions into the kinetic 

model could make it more comprehensive and more applicable in water matrices with higher 

bicarbonate/carbonate concentrations. 

Also in chapter 2 and 3, for treatment of spiked pharmaceuticals in wastewaters, all 

pharmaceuticals were assumed to be completely dissolved, which may not be accurate in 

many cases. Investigation into the sorption behaviors of different compounds would give us 

a better understanding of their degradation in different waste streams. 
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C h a p t e r  4  

NOVEL SYNTHESIS PATHWAYS FOR HIGHLY OXIDATIVE IRON 

SPECIES: GENERATION, STABILITY, AND TREATMENT 

APPLICATIONS OF FERRATE(IV/V/VI) 

 

McBeath, S. T.; Zhang, Y.; Hoffmann, M. R. Novel Synthesis Pathways for Highly 

Oxidative Iron Species: Generation, Stability, and Treatment Applications of 

Ferrate(IV/V/VI). Environ. Sci. Technol. 2023. https://doi.org/10.1021/acs.est.2c09237. 
 

4.1 Abstract 

Difficulties arise related to the economy-of-scale and practicability in applying 

conventional water treatment technologies to small and remote systems. A promising 

oxidation technology better suited for these applications is that of electro-oxidation (EO), 

whereby contaminants are degraded via direct, advanced and/or electrosynthesized oxidant 

mediated reactions. One species of oxidants of particular interest are ferrates 

(Fe(VI)/(V)/(IV)), where only recently has their circumneutral synthesis been demonstrated, 

using high oxygen overpotential (HOP) electrodes, namely boron-doped diamond (BDD). In 

this study, the generation of ferrates using various HOP electrodes (BDD, NAT/Ni-Sb-SnO2 

and AT/Sb-SnO2) was investigated. Ferrate synthesis was pursued in a current density range 

of 5-15 mA cm-2 and initial Fe3+ concentrations of 10-15 mM. Faradaic efficiencies ranged 

11-23 %, depending on operating conditions, with BDD and NAT significantly 

outperforming AT electrodes. Speciation tests revealed that NAT synthesizes both 

ferrate(IV/V) and ferrate(VI), while the BDD and AT electrodes synthesized only 

ferrate(IV/V) species. A number of organic scavenger probes were used to test the relative 

reactivity, including nitrobenzene, carbamazepine and fluconazole, whereby ferrate(IV/V) 

was significantly more oxidative than ferrate(VI). Finally, the ferrate(VI) synthesis 

mechanism by NAT electrolysis was elucidated, where co-production of ozone was found to 

be a key phenomenon for Fe3+ oxidation to ferrate(VI). 

https://doi.org/10.1021/acs.est.2c09237
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Keywords: Electro-oxidation, electro-synthesis, ferrate, ozone, boron-doped 

diamond, nickel-doped antimony tin oxide 

 

4.2 Introduction 

The prospect of electrochemical technologies in water treatment processes has been 

growing due to their favorability in various niche applications, when compared to traditional 

technologies. In general, electrochemical technologies are suitable in non-conventional water 

treatment applications, in part due to their favorable economy-of-scale and relative 

simplicity. Electrochemical oxidation (electro-oxidation, EO), for example, is a promising 

alternative technology for small and decentralized system applications, as it can eliminate 

the chemical supply chain associated with conventional oxidation/disinfection options by 

generating chemicals on-site and on-demand. 

Conventional EO processes, employing efficient nonactive electrode materials, typically 

proceed via two reaction pathways: (1) direct electron transfer (DET) at the electrode surface, 

and (2) hydroxyl radical (•OH) mediated oxidation. The latter reaction pathway is possible 

during EO when using high oxygen overpotential (HOP) electrode materials, such as boron-

doped diamond (BDD) and other mixed metal oxides (MMO), which possess a greatly 

increased potential range (reduction and oxidation) of water stability (e.g., BDD: -1.25 - 2.3 

VSHE
1). Although the primary mechanism for pollutant degradation during EO processes has 

been attributed to •OH mediated oxidation2, the reaction is limited at the electrode surface 

where reactive oxygen species are generated3. A third EO reaction mechanism exists 

however, whereby the electrosynthesis of residual chemical oxidants proceeds via ion 

oxidation at the electrode surface, resulting in pollutant degradation in the bulk water solution 

(e.g., not limited to the electrode surface). Some examples of electro-generated oxidant 

species include persulfate (E0 = 1.96 VSHE)4, peroxodiphosphate (E0 = 2.07 VSHE)5 and 

various reactive chlorine species6,7, when sulfate, phosphate and chloride are present in the 

water matrix, respectively. 

An additional group of powerful oxidants that has yet to receive the same attention, as it 

relates to circumneutral electrosynthesis for water treatment applications, is the generation 

of high oxidation state iron species known as ferrates. Ferrates are particularly well-suited 
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for water treatment applications8–10, as they are not known to form recalcitrant oxidation 

by-products like chlorinated disinfection by-products11 and their reduced products are non-

toxic hydrolysis Fe3+ species, which have also been reported to effectively function as 

coagulant chemicals12–14. Most commonly in water treatment practices, potassium ferrate 

(K2FeO4) is used to form aqueous ferrate(VI) (Fe(VI)/FeVIO4
2-), which is characteristically 

purple and has a high redox potential (E0 = 2.2 VSHE). However, lesser reported high 

oxidation state iron species also exist, namely ferrate(V) (Fe(V)/FeVO3
3-) and ferrate(IV) 

(Fe(IV)/FeIVO4
4-)15,16. Some studies have found that Fe(V) and Fe(IV) ferrate species yield 

degradation rates as much as 2-5 orders of magnitude greater than Fe(VI) for various organic 

pollutants, such as organosulfur and phenolic compounds, in high pH conditions16,17. In 

general, much is still unknown about the various ferrate species and their reactivity and 

stability in circumneutral aqueous conditions. 

While ferrates are conventionally synthesized using a wet chemical method by oxidation 

of Fe3+ in highly alkaline conditions 15,18–20, electrochemical21,22 and thermal chemical22 

methods also exist under challenging and unstable conditions. More recently, evidence of 

circumneutral ferrate electrosynthesis has been reported through the use of BDD electrodes 

and Fe2+/Fe3+ precursors for water treatment applications23–29. In these studies, however, no 

iron speciation was performed and ferrate was assumed to be in its most stable Fe(VI) form. 

Although BDD has been the preferred material for the circumneutral generation of ferrate to 

date, due to its aforementioned electrocatalytic properties, it also has several limitations. In 

addition to prohibitive costs30, BDD electrodes require slow growth rates to yield high quality 

films, they are limited to substrates that are compatible with its growth conditions and are 

generally size-limited due to the chemical vapor deposition method by which they are 

synthesized31. Another group of promising materials are substoichiometric alternatives to 

platinum group metal oxides, known as Magnéli phase titanium oxides (TinO2n-1, 4 ≤ 

n ≤ 10)32,33, which also possess many favorable electrocatalytic properties for water 

treatment and ferrate synthesis. However, similar to BDD, their applications are somewhat 

limited due to a challenging production process requiring the reduction of TiO2 in high 

temperature conditions and pure H2
34. Another material considered as an HOP material is 

antimony-doped tin(IV) oxide (AT/Sb-SnO2), which has a comparatively facile and 
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inexpensive preparation method by dip or brush coating and subsequent annealing (400-

600C)35. Additionally, several metal precursors can be added to the coating solution to 

generate metal-doped AT electrodes. Of particular interest, nickel-doped AT electrodes 

(NAT/Ni-Sb-SnO2) has been observed to coproduce O3 in addition to •OH 36, and facilitate 

enhanced degradation of a number of organic pollutants when compared to AT 

electrodes37,38. The fabrication method of both AT and NAT electrodes can facilitate the 

fabrication of high-surface-area flow-through electrodes31,39, which can enhance mass 

transport and faradaic efficiency, and therefore the electrochemical generation of ferrate. 

In this study, the circumneutral electrosynthesis of ferrates was investigated using a 

heterojunction NAT and AT electrodes. To date, the circumneutral electrosynthesis of 

ferrates has yet to be yielded with any electrode other than BDD. In this study we highlight 

the successful generation of ferrates, including the first report of the circumneutral 

electrosynthesis of powerful intermediate state ferrate(IV) and ferrate(V) species, using these 

MMO and BDD materials. Moreover, an in-depth mechanistic study yields the a novel 

reaction pathway to Fe(VI) from Fe(III), via electrolysis and ozone. The study also includes 

oxidation kinetics, oxidant stability and speciation, as well as application for water treatment 

purposes, presenting a potentially powerful alternative to conventional and costly BDD 

electrodes and wet chemical synthesis processes for conventional ferrate(VI) generation. 

 

4.3 Materials and Methods 

Electrode preparation. Three types of electrodes were used, including: (1) a single layer 

AT coated electrode on a Ti substrate, (2) a double-layer coated electrode consisting of a 

NAT top layer and an AT bottom layer, on a Ti substrate, and (3) a monocrystalline BDD 

electrode. The MMO electrodes were prepared using clean Ti plates (2 x 3 cm), which were 

etched using a 1:4 HF:HNO3 solution for 1 min. The AT precursor solution was prepared 

using 360 mM SnCl4·5H2O (98%, Aldrich) and 40 mM SbCl3 (>99.0%, Aldrich). The NAT 

precursor solution was prepared using 360 mM SnCl4·5H2O, 15 mM SbCl3, and 4 mM 

Ni(OCOCH3)2·4H2O (98%, Aldrich). The respective metal oxide coatings were deposited 

on the Ti plates using a dip-coater (MTI Corporation Bridgman Crystal Growth Furnace), 

which included repeated intervals of dipping the substrate into the aqueous metal oxide 
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precursor solution(s) for 20 s, drying at room temperature, followed by a calcination step 

by annealing at 600°C for 10 min. This was repeated until a desired mass loading was 

achieved (AT electrode: 1.3 mg cm-2, NAT electrode: 1.3 mg cm-2 AT and 1.3 mg cm-2 

NAT), whereby a final annealing step at 600°C was performed for 1.5 h. The BDD electrode 

was commercially purchased from NeoCoat®. It was prepared by a chemical vapor 

deposition process and has a thin-film (2-3 µm) monocrystalline layer on a 1 mm silicon 

substrate. 

Experimental methods and procedures. All experiments were performed using an 

undivided electrolysis cell (50 mL). All electrolyte solutions were continuously stirred with 

a magnetic stirrer at a rate of 400 rpm. The anode (AT, NAT and BDD) and cathode (stainless 

steel) were 6 cm2 for all experiments, separated by a 5 mm inter-electrode gap. All tests were 

performed in a three-electrode configuration, using an Ag/AgCl reference electrode (BASI 

Inc.) and Biologic VSP-300 potentiostat. The base water matrix used for all experiments was 

a phosphate buffer (pH = 7.0, 0.1 M), composed of MilliQ water, NaH2PO4 and Na2HPO4 

(Millipore Sigma). The desired initial Fe3+ concentration was attained by addition of FeCl3 

(Sigma-Aldrich). Current densities of 5, 10 and 15 mA cm-2 were investigated, to operate in 

a potential range avoiding excess oxygen evolution, while maximizing hydroxyl radical, 

DET and ozone formation, depending on each respective electrode. Samples for ferrate, 

probe or pollutant analysis were extracted from the electrochemical cell at a maximum 

volume of 0.5 mL throughout 60 or 90 min experiments. After electrolysis, ferrate solutions 

were centrifuged for 2 minutes at 5000 rcf and subsequently filtered using a 0.45 µm glass 

fiber syringe filter (Tisch), to remove any non-aqueous iron species (e.g., Fe2+/Fe3+ oxides 

and hydroxides). 

Linear sweep voltammetry (LSV) and cyclic voltammetry (CV) experiments were also 

conducted under a scan rate of 50 mV s-1 in relevant electrolytes for electrode material 

characterization as well as oxidation mechanism and ferrate speciation analysis. 

Analytical methods. Ferrate concentration was measured with an indirect 

spectrophotometric method, using an ABTS (2,2'-azino-bis(3-ethylbenzothiazoline-6-

sulfonic acid)) reagent (Sigma-Aldrich). In the presence of excess ABTS, ferrate(VI) 

oxidizes ABTS with a 1:1 M ratio, producing a light-absorbing radical cation (ABTS•+) with 
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a visible UV-absorption maxima at 415 nm 40–42. Ferrate standards and samples were 

analyzed using a UV-Vis spectrophotometer (Thermo Scientific Nanodrop 2000c) and a 1 

cm quartz cuvette. Ferrate standards were prepared using potassium ferrate (99%) (Element 

26) in a concentration range of 0-10 mM. Ferrate(VI) was also directly analyzed using direct 

UV-Vis spectrophotometry at 530 nm in 1 cm and 5 cm quartz cuvettes, in a concentration 

range of 0-2 mM with co-occurring Fe3+ (dosed with FeCl3), to simulate water matrix 

conditions during electrolysis experiments and to understand the effects on UV-absorbance 

and ferrate(VI) stability. Raman spectroscopy (Renishaw inVia Qontor) and Fourier 

transform infrared spectroscopy (FTIR) (Thermo Scientific Nicolet iS50) were also pursued 

for a limited number of test (operating methods are detailed in the Supporting Information). 

Free chlorine concentrations were also monitored using the DPD (N,N-diethyl-p-

phenylenediamine) reagent (Hach DPD method 1012) and a DR 300 colorimeter. 

Oxidant probe species and micropollutants, namely nitrobenzene (NB), carbamazepine 

(CBZ) and fluconazole (FCZ) (Sigma-Aldrich) were quantified using high performance 

liquid chromatography (HPLC), equipped with a ZORBAX Eclipse XDB-C18 column 

(Agilent, 2.1 x 50 mm, 3.5 µm particles) and a UV detector at 254, 285 and 205 nm, 

respectively. The mobile phase, flowing at 0.5 mL min-1, was a composition of water with 

0.1% formic acid and acetonitrile (ACN) under the gradient: 0 min, 10% ACN; 2 min, 10% 

ACN; 6 min, 95% ACN; 8 min, 95% ACN; 9 min, 10% ACN; 12 min, 10% ACN. An 

injection volume of 20 μL was used with a total runtime of 12 minutes for each sample. 

 

4.4 Results and Discussion 

Electrode performance. Nonactive electrodes are characterized by their high oxygen 

evolution reaction (OER) overpotential43. The NAT and AT electrodes have previously been 

shown to have oxygen evolution potential at ~2.4 VRHE
38. BDD demonstrates even higher 

OER potential at ~2.7 VRHE
44 (see Figure 4.S1 in the Supporting Information). One primary 

mechanism of oxidation, with respect to all three electrode materials (e.g., BDD, NAT and 

AT), is mediated through the generation of •OH, which was previously demonstrated by 

Zhang et al. through radical scavenging studies involving nitrobenzene and benzoic acid38 

and widely reported for BDD electro-oxidation2. Moreover, when Cl- is present in the water 
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matrix, all three electrodes are observed to generate reactive chlorines species (RCS). The 

NAT electrode is unique in its O3 production capacity. Equilibrium aqueous O3 concentration 

can reach as high as ~4.7 mg L-1 in the absence of chloride, and goes down with higher 

chloride concentration38. The BDD electrode is the only material of the three that is shown 

to facilitate direct electron transfer (DET) mediated oxidation. Specifically, DET is known 

to contribute to FCZ degradation during BDD electrolysis45. 

Ferrate generation. Ferrate generation experiments were first performed using an initial 

FeCl3 concentration of 10 mM and a current density of 10 mA cm-2, with the NAT, AT and 

BDD electrodes. Control experiments were run in parallel with 30 mM NaCl, yielding an 

equivalent Cl- concentration, to understand the oxidative effect of co-generated reactive 

chlorine species (RCS) during ferrate experiments. Additional control experiments were 

conducted to determine whether phosphate active species could also be generated, whereby 

electrolysis was performed in the presence of the base PBS water matrix and subsequently 

analyzed for any oxidative species. 

For all anode materials, evidence of ferrate generation was observed using the ABTS 

quantification method40,41 (see Supporting Information Figure 4.S2-S12 for all ABTS 

absorbance data). While the circumneutral generation of ferrate has been recently reported 

using BDD24, this is the first evidence of ferrate generation using both NAT and AT 

electrodes. Faradaic efficiencies of 22.5, 21.3 and 12.0% were yielded for the BDD, NAT 

and AT electrodes, respectively (see Figure 4.1b). 
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Figure 4.1 (A) Ferrate(IV/V/VI) generation using BDD, NAT and AT electrodes with a 

Fe3+
0 = 10 mM and 10 mA cm-2. Fe(VI)Eq = Equivalent oxidative capacity of Fe(VI) with 

ABTS (1:1 molar ratio). (B) Faradaic efficiency of ferrate (IV/V/VI) generation at 5, 10 and 

15 mA cm-2 and with a Fe3+
0 = 10 mM. 

 

Qualitatively, the final ferrate solutions were significantly different (see Figure 4.2 

inset). While the NAT electrode produced a purplish/pink solution that is characteristic of 

ferrate(VI)9, both the BDD and AT electrodes produced a yellowish/white solution (see 

Figure 4.2), indicating that ferrate(VI) was not produced. The electrosynthesis of oxidative 

iron species was also observed to increase with both current density (20 mA cm-2) and initial 

Fe3+ concentration (15 mM) (see Supporting Information Figure 4.S13 for all ABTS 

absorbance data). During NAT experiments, ferrate yields of 12.8, 63.5 and 69.4% were 

achieved during 5, 10 and 20 mA cm-2 operations. However, the Faradaic efficiency was 

maximized during 10 mA cm-2 electrolysis at 21.3%. Similarly, during BDD electrolysis, the 

greatest Faradaic efficiency was yielded during 10 mA cm-2 (see Figure 4.1b), with yields 

of 28.5, 67.2 and 135.8% during 5, 10 and 20 mA cm-2 operations. Average cell potentials 

of 3.5, 3.9 and 4.7 V were yielded during NAT electrosynthesis, while BDD potentials 

recorded were 4.7, 5.6 and 6.9 V during 5, 10 and 20 mA cm-2 operations, respectively. At 

20 mA cm-2 BDD operations, as well as for all current density conditions using an initial 

FeCl3 concentration of 15 mM, ABTS results suggested ferrate(VI) yields exceeded 100%, 

indicating errors associated with the ABTS method for ferrate quantification. 
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Figure 4.2 Ferrate(IV/V/VI) generation with a Fe3+
0 = 10 mM at 5, 10 and 20 mA cm-2 

using (A) NAT electrode, and (B) BDD electrode. Inset figures are final ferrate solutions 

after 90 min of electrolysis. Fe(VI)Eq = Equivalent oxidative capacity of Fe(VI) with ABTS 

(1:1 molar ratio). 

 

In theory, ferrate(VI) can facilitate the exchange of 3 mols of electrons for every 1 

mol of ferrate(VI) through its subsequent conversion to Fe(V), Fe(IV) and Fe(III). In 

phosphate buffer, however, it has previously been found that ferrate(VI) has a 1:1.18 ratio 

with ABTS to form ABTS•+ in circumneutral pH, whereby the subsequent oxidative effect 

of Fe(V) and Fe(IV) are muted through rapid auto-decomposition46. Under the same 

conditions, roughly 9% of Fe(V) was found to react with ABTS to form Fe(IV), whereby 

93% of that Fe(IV) subsequently reacting with ABTS to form ABTS•+ 46. Achieving ferrate 

yields greater than 100% using the ABTS method (which assumes a 1:1 reaction 

stoichiometry) for BDD electrosynthesis experiments suggests that Fe(V), or some 

combination of Fe(V) and Fe(IV), is formed, resulting in a 1:1-2 molar reaction ratio. The 

ABTS technique, and the resulting molar reaction ratio has been previously used to identify 

the role of intermediate ferrate species (e.g., Fe(IV/V)) in water treatment processes47.  

The generation and use of Fe(IV) and Fe(V) species, particularly for water treatment 

processes, has been a recent topic of much research interest and has primarily been reported 

through the activation of ferrate(VI)47. The activation of ferrate(VI), to exploit the high 

oxidation capabilities of Fe(IV/V), has been investigated using a number of strategies 

including the use of acid48, UV49, and metal cations like Fe(III)50, amongst many other 

organic and inorganic activators47. Of particular relevance, the role of Fe(III) in Fe(IV/V) 

generation is notable, due to its efficacy towards Fe(IV) generation and its co-occurrence 

during ferrate electrosynthesis. 

Ferrate speciation. Several difficulties arise when conducting a speciation study on 

ferrate(IV/V/VI), particularly for direct detection and quantification of low concentration 

aqueous solutions. Both Raman spectroscopy and Fourier transform infrared (FTIR) 

spectroscopy were used to analyze the ferrate solutions obtained during BDD and NAT 

electrolysis, but no differentiating peaks were observed (see Supporting Information for 
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Raman and FTIR spectra graphs, Figure 4.S14 and 4.S15, respectively). Moreover, high-

valent iron-oxo complexes can exist in various forms and the exact structures are still largely 

unknown47. For example, the synthesis of ferrate(IV), by hydroxyl radical mediated 

oxidation of Fe(III), in phosphate, pyrophosphate and carbonate solutions has been reported. 

The resulting ferrate(IV) species include one or more hydroxide, pyrophosphate or carbonate 

ligands (Lm). However, the exact FeIV-Lm structure and number of ligands attached to the 

central iron atom are not known51,52. It should also be noted that phosphate has previously 

been observed to function as a Fe(IV/V) ligand (e.g., FeV-Lm and FeIV-Lm)47, which may play 

a crucial role in ferrate speciation in this study, due to the presence of phosphate in the base 

PBS water matrix. The stability of ferrate species has also been observed to vary depending 

exact structure and the ligand(s) coordinated to the iron atom52. 

Direct colorimetry can also be used to identify ferrate(VI) in solution53,54, at a much lower 

molar absorption coefficient than that of ABTS, therefore higher concentrations and/or 

longer UV pathlengths are required. Using a 5 cm quartz cuvette, both the BDD and NAT 

electrogenerated ferrates were analyzed (see Figure 4.3). The UV absorbance spectra 

confirmed the qualitative observations, whereby the solution produced with the NAT 

electrode showed evidence of ferrate(VI) with an absorbance maximum at 526 nm40. This 

peak is slightly higher than that of ferrate(VI) observed with the chemical standard (using 

K2FeO4) and the peak shapes are notably different, as seen in Figure 4.S35 with a maximum 

at 524 nm. When Fe(III) was added to the K2FeO4 mixture, however, the same absorbance 

maximum was achieved (see Figure 4.S35). Moreover, while the NAT-produced ferrate(VI) 

solution was more pink (compared to a purple color traditionally associated with a high 

concentration of ferrate(VI)), it was similar to the color yielded using K2FeO4 and Fe(III). 

These results indicate that the lighter color observed during NAT electrolysis is due to either 

the PBS and/or co-occurring Fe(III) cations in solution. A secondary shoulder between 275 

and 310 nm was observed for both the BDD and NAT derived ferrates, which is also 

characteristic of ferrate(VI) UV-spectra40. No absorbance maxima was observed for the BDD 

solution, including at 530 nm (e.g., ferrate(VI) absorbance peak in the presence of Fe3+), 

conclusively indicating the absence of ferrate(VI). Cyclic voltammetry provided further 
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direct evidence of two different iron species in the BDD and NAT solutions, as seen by 

the different reduction peaks in Figure 4.3. 

 

 

Figure 4.3 UV-spectra (left) and cyclic voltammograms (right) of final BDD and NAT 

ferrate solutions after 90 min of electrolysis at 10 mA cm-2 and an initial FeCl3 concentration 

of 10 mM (CV condition: scan rate 50 mV s-1, 0.0 V vs. EOC to -1.3 V vs. ref.). 

 

To further understand ferrate speciation between the BDD and NAT derived solutions, 

the use of selective organic probes was pursued. The recalcitrance of nitrobenzene (NB) to 

ferrate(VI) oxidation has previously been reported15,55,56. Using an initial concentration of 

0.1 mM, no detectable NB degradation was observed to occur as a result of the NAT 

produced ferrate(VI), when compared to the control study containing RCS produced during 

electrolysis of the NaCl control solution (see Supporting Information Figure 4.S16-S17). 

During parallel experiments using the BDD-derived solution, NB degradation was observed 

to increase in the presence of ferrate(IV/V), when compared to the control solution 

containing only RCS, with pseudo first-order reaction rate constants of 0.0055 and 0.0047 

min-1, respectively (see Supporting Information Figure 4.S18). 

Carbamazepine (CBZ) was also selected as a suitable probe, particularly in the water 

matrix post-electrolysis which contains a high concentration of RCS, due to its relative 

persistence in highly chlorinated waters57,58. With all electrodes (NAT, AT and BDD), 
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minimal CBZ degradation was observed during control (NaCl) experiments. Ferrate(VI), 

produced using the NAT electrode, facilitated the slow degradation of CBZ over ~15 minutes 

of mixing, yielding a second-order reaction rate constant of 1.4 M-1 s-1. The degradation rate 

of CBZ with ferrate(VI) has been previously observed to be highly dependent on pH, with 

k2 constants ranging from 0.1 to 70 M-1 s-1 between pH conditions of 8 to 6 respectively 59,60, 

which is in agreement with the present study. Significantly faster CBZ oxidation was 

observed using the BDD generated ferrate(IV/V), whereby 83% of CBZ degradation took 

place in the first 20 seconds of mixing, yielding an apparent first-order reaction rate constant 

of 0.08 s-1. This reaction rate is similar to that which has been observed for CBZ degradation 

with permanganate/Mn(VII)/MnO-
4
60, an analogous highly oxidative manganese species also 

used for aqueous micropollutant degradation61–64. The pseudo first order reaction rate 

constant of permanganate with CBZ was found to increase with the initial permanganate 

concentration, whereby a k’~0.045 s-1 was yielded with an initial permanganate 

concentration of 160 M. Although in general, ferrate(VI) is more highly oxidative than the 

permanganate ion, the latter was reported to degrade CBZ more readily due to its high 

reactivity with olefin groups65,66. At present, no previous studies have been published 

investigating the used of ferrate(V) or ferrate(IV) on the degradation of CBZ, but is observed 

to perform similarly to permanganate. CBZ degradation was also observed using the 

ferrate(IV/V) generated using the AT electrode. Similar to the BDD derived ferrate solution, 

rapid degradation was observed in the first 20 seconds (see Supporting Information Figure 

4.S22), with an absolute CBZ removal much less than BDD due to the significantly lower 

initial concentration of ferrate(IV/V).  

Fluconazole (FCZ) was used as a probe, as it is recalcitrant to both chlorine and chlorine 

radicals (Cl2•-). Similar to CBZ, no FCZ degradation was observed during control 

experiments with both the NAT and BDD produced ferrate solutions. Moreover, ferrate(VI) 

synthesized using the NAT electrode, did not yield any detectable oxidation of FCZ. A small 

amount of FCZ degradation was observed using the ferrate(IV/V), produced with the BDD 

electrode, once again highlighting the greater oxidation potential of these iron species 

compared to ferrate(VI). In agreement with previous researchers, the BDD produced 

ferrate(IV/V) consistently yielded greater degradation rates when compared to ferrate(VI) 



 

 

119 

for all organic micropollutant tested 16,17. A complete set of the CBZ and FCZ degradation 

data can be found in the Supporting Information document (Figure 4.S19-S24). 

To better understand the ferrate speciation during NAT electrolysis, a combination of 

ABTS and direct UV-spectrophotometer analysis was conducted in parallel at 415 nm and 

530 nm, to evaluate the relative ferrate(IV/V) and ferrate(VI) synthesis, respectively. The 

absorbance related to the generation of ferrate(VI) increased over the initial 10 minutes of 

electrolysis, thereafter it stabilized for the remainder of the experiment. The ABTS 

absorbance, which reflects oxidation by ferrate(IV), ferrate (V) and ferrate(VI), continued to 

increased significantly throughout the entirety of the electrolysis (see Figure 4.4). These 

results indicate that only a small fraction of the initial Fe3+ is converted to ferrate(VI); 1.65 

mM (±0.2 mM) under these conditions (10 mA cm-2 and [Fe3+]0 = 15 mM) in a fast reaction 

within 10 minutes of starting electrolysis, and remained constant thereafter. Although 

ferrate(VI) generation reaches a plateau, the formation of ferrate(IV/V) continues to be 

facilitated throughout the 90 minutes of electrolysis. 

Each of the techniques used in this study, however, is indirect analysis for ferrate 

speciation. In future studies, it would be important to incorporate direct analysis, particularly 

the use of Mössbauer spectroscopy. In order to use Mössbauer spectroscopy, reactor design 

and current efficiency limitations of the current setup would need to be improved, as a higher 

concentration of ferrates in a solid sample would be required47. 
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Figure 4.4 ABTS (415 nm) and direct (530 nm) UV-vis spectrophotometric results from 

NAT electrolysis at 10 mA cm-2 and FeCl3 of 15 mM (left), and O3 oxidation with an initial 

FeCl3 of 15 mM (right). 

 

Ferrate stability. A long term stability study was performed on both the ferrate(VI) (e.g., 

NAT produced ferrate) and ferrate(IV/V) (e.g., BDD produced ferrates), to understand their 

relative self-decomposition in ambient temperature (20C) and light conditions. Similar to 

the previously described ferrate generation and speciation tests, all stability tests were 

performed in parallel with control experiments using NaCl solutions and monitoring the 

degradation of co-generated RCS. Using the same initial FeCl3 (15 mM) concentration with 

both the NAT and BDD electrodes, after 60 minutes of electrolysis, initial Fe(VI)Eq 

concentrations of 3.9 and 13.6 mM were achieved after centrifugation and filtration, 

respectively. The ABTS absorbances were subsequently monitored for the ferrate and RCS 

control solutions over 70 days. 

The oxidant species stability of all solutions (e.g., ferrate and control) degraded similarly, 

however some outlier ABTS absorbances were observed between days 3-11 for the BDD 

ferrate(IV/V). Unlike the remainder of the stability data, these outliers included large 

variations in ferrate(IV/V) concentrations and no conclusive evidence had been gathered to 

explain these outliers. One possible explanation may be related to the decomposition of 

Fe(V) to Fe(IV) and/or Fe(III), during sampling by oxidation with non-aqueous iron 

hydr(oxides) (e.g., reduced ferrate products). All ABTS stability data is included in the 

Supporting Information (Figure 4.S25-S28). 

When accounting for the effect of RCS, zero-order degradation was observed for both 

the NAT produced ferrate(VI) and BDD produced ferrate(IV/V). Excluding the previously 

describe unaccountable outlier samples, high coefficients of determination were yielded for 

both ferrate solutions, with degradation rate constants of 0.0691 and 0.234 mM day-1 for 

ferrate(VI) and ferrate(IV/V), respectively. However, when degradation rates were 

normalized for initial ferrate concentrations differences, both solutions were observed to 

degrade at a very similar rate (see Figure 4.5). 
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Figure 4.5 Normalized ferrate degradation with (A) BDD derived ferrate(IV/V) (Fe(VI)Eq = 

13.6 mM), and (B) NAT derived ferrate(VI) (Fe(VI) = 3.9 mM). 

 

CVs were also run each week throughout the duration of the stability tests, with a 

particular interest in determining whether multiple peaks would develop/regress in the BDD 

solution, to provide insights towards Fe(V) and Fe(IV) species. Only a single reduction peak 

at ~ -0.3 VRHE is visible in the ferrate(IV/V) CVs throughout the six weeks of the degradation 

study (see Figure 4.3). Interestingly, two reduction peaks are visible for the NAT produced 

ferrate(VI) throughout the stability test, which may be associated with the reduction of 

Fe(VI) and subsequent reduction of Fe(IV/V). All CVs for both the NAT and BDD produced 

ferrates can be found in the Supporting Information (Figure 4.S29 and 4.S30). 

Ferrate generation mechanism. There are few differences between the predominant 

oxidation mechanisms, as it relates to BDD, NAT and AT electro-oxidation. In the former, 

DET can be facilitated as a secondary pathway to the predominant •OH mediated oxidation. 

In the case of NAT electro-oxidation, appreciable amounts of O3 are generated, but is also 

secondary to the predominant •OH mediated oxidation pathway38. Although DET is 

exclusive to the BDD, it cannot be assumed to be the responsible mechanism for the 

electrosynthesis of ferrate(IV/V), as the AT electrode, which solely proceeds via •OH 
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mediated electro-oxidation, also produces the same ferrate species as that of BDD. 

Therefore, it was hypothesized that O3 play a crucial role in facilitating the synthesis of 

ferrate(VI). 

Three tests were performed to understand the role of O3 for the generation of ferrate(VI). 

Firstly, after electrolysis and ferrate(IV/V) generation using the BDD electrode, O3 was 

purged into the solution and mixed over 30 minutes. In the second experiment, O3 was 

directly purged into the electrochemical cell during BDD electrolysis. The third experiment 

was similar to the first, however the ferrate(IV/V) solution generation after BDD electrolysis 

was centrifuged and filtered, to remove any reduced ferrate or hydrolyzed Fe3+. In all 

experiments, ferrates were analyzed using the colorimetric ABTS and direct method, as well 

as through qualitative observations on the resulting solutions’ color. 

For the first two experiments, ferrate(VI) was observed to form. In the first process, 

where O3 was purged into a mixing solution of ferrate(IV/V) post BDD electrolysis, the 

solution began to immediately turn from a yellowish/white color (see inset of Figure 4.2b) 

to the characteristic purple/pink solution that was yielded during NAT electrosynthesis 

experiments (see Figure 4.6). As the solution turned pink over the 30 minutes of O3 purging 

and mixing, indicating the generation of ferrate(VI), the ABTS absorbance decreased 

significantly, which is consistent with the ABTS data yielded during ferrate generation 

experiments with the NAT electrode. Parallel control experiments were also conducted to 

account for ABTS•+ formation due to O3 oxidation. ABTS absorbance data for both ferrate 

and control experiments can be found in the Supplement Materials (Figure 4.S31, 4.S33 and 

4.S34). 
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Figure 4.6 Ferrate(IV/V) oxidation experiments with O3 post and during electrolysis to form 

ferrate(VI). 

 

A similar trend was observed when O3 was purged during electrolysis, whereby a 

pink/purple solution was yielded within minutes of applying current (see Figure 4.6). The 

ABTS data suggested appreciable amounts of Fe(IV/V) was still being generated, however, 

as the absorbance was significantly greater than that yielded during NAT electrolysis, but 

still greatly below the absorbances observed during the standard BDD ferrate generation 

experiments (i.e., without purging O3). These results highlight the relatively high current 

efficiency for BDD-iron reactions and reveal a potentially high efficiency reaction path for 

ferrate(VI) electro-generation in concurrence with O3 oxidation. 

Lastly, during the third experiment where O3 was purged into a centrifuged and filtered 

solution of ferrate(IV/V) post BDD electrolysis, no evidence of ferrate(VI) generation was 

observed. These results suggested that ferrate(VI) synthesis was predominantly facilitated by 

the oxidation of Fe3+ by ozone, rather than ferrate(IV/V) species by ozone. To further confirm 

these findings, ozone was purged directly into a Fe3+ solution ([FeCl3]0 = 15 mM) and the 

ABTS and direct UV-absorbance was measured to quantify the ferrate(IV/V) and ferrate(VI) 

generation, respectively. Control experiments were conducted with the ozonation a Cl- 

containing solution ([NaCl]0 = 45 mM) and the base phosphate buffer solution, to account 

for the effect of ABTS oxidation by RCS and/or ozone (control experiment data can be found 
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in the Supporting Information Figure 4.S33). Over 30 minutes of purging and mixing, 

ferrate(VI) was observed to be generated, demonstrating the first evidence of an ozone 

synthesis pathway. Based on the control experiments, as well as previous research that found 

ozone to have a small reaction rate coefficient with Cl- to form RCS67, the primary 

mechanism for ferrate(VI) generation was determined to be by ozone oxidation. ABTS and 

direct UV-absorbance increased proportionately over the time of ozone purging, as seen in 

Figure 4.4. Although the purge-rate for ozone during these tests (0.011 L min-1) were much 

greater than that which occurs during NAT electrolysis (<1.8E-06 L min-1 at 10 mA cm-2), 

more ferrate(VI) is produced during the latter process, suggesting some electrocatalytic 

effects of the NAT material, and/or to the co-production of hydroxyl radicals and 

ferrate(IV/V) during electrolysis. This effect is currently out of the scope of this project, 

however. 

This study demonstrates that MMO materials, particularly NAT and AT electrodes, are 

capable of generating high oxidation state iron species ferrate(VI) and ferrate(IV/V). 

Moreover, this work provides the first extensive evidence of ferrate(IV/V) electrochemical 

generation in circumneutral pH conditions, using the BDD, NAT and AT electrodes. These 

intermediate state ferrate species were shown to be more highly oxidative against persistent 

organic pollutants, which are recalcitrant towards ferrate(VI) oxidation. Finally, a key 

mechanism for ferrate(VI) electrosynthesis using the NAT electrode was proposed, which 

was identified to be attributed to co-occurring ozone oxidation of Fe3+, demonstrating two 

novel reaction pathways for ferrate(VI) generation. 
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4.7 Supporting Information 

4.S.1 Electrode Characterization 

 

Figure 4.S1 Cyclic voltammograms of BDD with OER potential at ~2.7 VRHE. CV condition: 

scan rate 50 mV s-1, 0.0 V vs. EOC to +3.0 V vs. ref. 

 

4.S.2 Ferrate Generation 

The ABTS indirect ferrate quantification method was chosen due its sensitivity in 

determining low concentrations of Fe(VI). In a 50 mL Erlenmeyer flask, 5 mL of acetate 

buffer (pH=4.1), 1 mL of ABTS reagent (1 g/L) and 9 mL of MilliQ water is added. New 

ABTS reagent solutions were made prior to each electrolysis experiment and stored in the 

refrigerator at 4˚C to avoid degradation due to increased temperature and light exposure. A 

0.5 mL ferrate sample was added to the Erlenmeyer flask, followed by 9.5 mL of phosphate 
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buffer, to reach a final volume of 25 mL. This ABTS solution was then analyzed using 

the spectrophotometer at 415 nm, a visible maxima for ABTS•+. Ferrate concentrations were 

determined from experimental measurements as follows: 

 

 
[𝐹𝑒(𝑉𝐼)] =

∆𝐴415𝑉𝑓

𝜀𝑙𝑉𝑠
 (1) 

Where ΔA415, Vf, Ɛ, l and Vs represent the UV-absorbance at 415 nm, the final sample volume, 

the absorption coefficient as determined by the standards, the cell path length, and the volume 

of the ferrate sample. 

 

 

Figure 4.S2 Ferrate(VI) ABTS calibration curves using K2SO4 (Element 26) in phosphate 

buffer (pH = 7.0), yielding a molar absorption coefficient of 0.043 mM-1 cm-1. 
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Figure 4.S3 ABTS absorbance during BDD ferrate (5 mA cm2, 10 mM FeCl3) and control 

(5 mA cm2, 30 mM NaCl) experiments. 

 

 

Figure 4.S4 ABTS absorbance during BDD ferrate (10 mA cm2, 10 mM FeCl3) and control 

(10 mA cm2, 30 mM NaCl) experiments. 
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Figure 4.S5 ABTS absorbance during BDD ferrate (20 mA cm2, 10 mM FeCl3) and control 

(20 mA cm2, 30 mM NaCl) experiments.  

 

 

Figure 4.S6 ABTS absorbance during NAT ferrate (5 mA cm2, 10 mM FeCl3) and control 

(5 mA cm2, 30 mM NaCl) experiments. 
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Figure 4.S7 ABTS absorbance during NAT ferrate (10 mA cm2, 10 mM FeCl3) and control 

(10 mA cm2, 30 mM NaCl) experiments. 

 

 

Figure 4.S8 ABTS absorbance during NAT ferrate (20 mA cm2, 10 mM FeCl3) and control 

(20 mA cm2, 30 mM NaCl) experiments. 
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Figure 4.S9 ABTS absorbance during NAT ferrate (5 mA cm2, 15 mM FeCl3) and control 

(5 mA cm2, 45 mM NaCl) experiments. 

 

 

Figure 4.S10 ABTS absorbance during NAT ferrate (10 mA cm2, 15 mM FeCl3) and control 

(10 mA cm2, 45 mM NaCl) experiments. 
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Figure 4.S11 ABTS absorbance during NAT ferrate (20 mA cm2, 15 mM FeCl3) and control 

(20 mA cm2, 45 mM NaCl) experiments. 

 

 

Figure 4.S12 ABTS absorbance during AT ferrate (10 mA cm2, 10 mM FeCl3) and control 

(10 mA cm2, 30 mM NaCl) experiments. 
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Figure 4.S13 Ferrate(VI) generation using an NAT electrodes with a Fe3+
0 = 15 mM and 

current densities of at 5, 10 and 20 mA cm-2. 

 

4.S.3 Ferrate Speciation 

The BDD and NAT produced ferrate(IV/V/VI) solutions were analyzed using Raman 

spectroscopy (Renishaw inVia Qontor) to determine whether the different ferrate species 

(e.g., Fe(IV), Fe(V) and/or Fe(VI)) could identified. Raman micro-spectroscopy was 

performed using a 514 nm laser as the exciting light. Calibration was done using a silicon 

wafer with a Raman band centered at 520.5 cm-1. 
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Figure 4.S14 Raman spectra graph of final BDD and NAT ferrate solutions after 90 min of 

electrolysis at 10 mA cm-2 and an initial FeCl3 concentration of 10 mM. 

The BDD and NAT produced ferrate(IV/V/VI) solutions were also analyzed using FTIR 

spectroscopy (Thermo Scientific Nicolet iS50) to determine whether the different ferrate 

species (e.g., Fe(IV), Fe(V) and/or Fe(VI)) could be identified. 

 

 

Figure 4.S15 FTIR spectra graph of final BDD and NAT ferrate solutions after 90 min of 

electrolysis at 10 mA cm-2 and an initial FeCl3 concentration of 10 mM. 
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Figure 4.S16 Nitrobenzene degradation using NAT derived ferrate(VI) and NaCl control 

solutions (NB0 = 0.1 mM, Fe(VI) = 1.52 mM). 

 

 

Figure 4.S17 Nitrobenzene degradation using BDD derived ferrate(IV/V) and NaCl control 

solutions (NB0 = 0.1 mM, Fe(VI)Eq = 3.83 mM). 
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Figure 4.S18 Nitrobenzene degradation using BDD derived ferrate(IV/V) and NaCl control 

solutions (NB0 = 0.1 mM, Fe(VI)Eq = 3.83 mM). 

 

 

Figure 4.S19 CBZ degradation using NAT derived ferrate(VI) and NaCl control solutions 

(CBZ0 = 10 µM). 
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Figure 4.S20 Second-order reaction rate determination of CBZ and NAT derived ferrate(VI) 

(CBZ0 = 10 µM, Fe(VI)0 = 1.66 mM). 

 

 

Figure 4.S21 CBZ degradation using BDD derived ferrate(IV/V) and NaCl control solutions 

(CBZ0 = 10 µM). 
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Figure 4.S22 CBZ degradation using AT derived ferrate(IV/V) and NaCl control solutions 

(CBZ0 = 10 µM). 

 

 

Figure 4.S23 FCZ degradation using NAT derived ferrate(VI) and NaCl control solutions 

(FCZ0 = 10 µM). 
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Figure 4.S24 FCZ degradation using BDD derived ferrate(IV/V) and NaCl control solutions 

(FCZ0 = 10 µM). 

 

4.S.4 Ferrate Stability 

 

Figure 4.S25 ABTS absorbance data for ferrate(IV/V) degradation long term study (Fe(VI)Eq 

= 13.6 mM). 

 

0.0

0.2

0.4

0.6

0.8

1.0

1.2

0.00 0.50 1.00 1.50 2.00 2.50

FC
Z,

 C
/C

0

Time, min

BDD - Ferrate

0.0

0.2

0.4

0.6

0.8

1.0

1.2

1.4

0 10 20 30 40 50 60 70 80

A
b

so
rb

a
n

ce
 (

4
1

5
n

m
),

 A
U

Time, day

BDD - Ferrate

BDD - Control



 

 

143 

 

Figure 4.S26 ABTS absorbance data for ferrate(VI) degradation long term study (Fe(VI) = 

3.9 mM). 

 

 

Figure 4.S27 Fe(VI)Eq data for ferrate(IV/V) degradation long term study (Fe(VI)Eq = 13.6 

mM). Fe(VI)Eq = Equivalent oxidative capacity of Fe(VI) with ABTS (1:1 molar ratio). 
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Figure 4.S28 Fe(VI) data for ferrate(VI) degradation long term study (Fe(VI) = 3.9 mM). 

 

 

Figure 4.S29 Cyclic voltammograms of BDD derived ferrate(IV/V) solution over 6 week 

stability test. CV condition: scan rate 50 mV s-1, 0.0 V vs. EOC to -1.3 V vs. ref. 
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Figure 4.S30 Cyclic voltammograms of NAT derived ferrate(VI) solution over 6 week 

stability test. CV condition: scan rate 50 mV s-1, 0.0 V vs. EOC to -1.3 V vs. ref. 

 

4.S.5 Ferrate Generation Mechanism 
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Figure 4.S31 ABTS absorbance during BDD electrolysis and O3 purging (10 mA cm2, 

15 mM FeCl3). 

 

 

Figure 4.S32 Ferrate(IV/V) oxidation experiments with O3 during electrolysis to form 

ferrate(VI) (full set of photos). 

 

 

Figure 4.S33 ABTS absorbance of control ozonation of NaCl and PBS solution. 
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Figure 4.S34 ABTS absorbance during O3 purging on ferrate(IV/V) solution produced with 

BDD electrolysis (10 mA cm2, 15 mM FeCl3) and control (10 mA cm2, 45 mM NaCl). 

 

 

Figure 4.S35 UV-absorption spectra of ferrate(VI) from K2FeO4, K2FeO4 and Fe(III) (dosed 

using FeCl3) and NAT-generated ferrate(VI). 
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C h a p t e r  5  

MODULAR METAL-ORGANIC FRAMEWORKS 

FUNCTIONALIZATION FACILITATING NITROGEN RECOVERY 

FROM FRESH URINE 

 

Guo, L.; Zhang, Y.; Osella, S.; Webb, S. M.; Yang, X.; Goddard, W. A.; Hoffmann, M. R. 

Modular Metal-Organic Frameworks Functionalization Facilitating Nitrogen Recovery from 

Fresh Urine. To be submitted. 

 

5.1 Abstract 

Urine contains a high concentration of nitrogen and is a valuable and sustainable resource 

for nitrogen recovery. While ammonia/ammonium are much easier substances to be 

separated and captured from water, they only dominate in stored urine, and the recovery 

relies heavily on the complete hydrolysis of urea which is time and spatial consuming. 

Moreover, a substantial loss of nitrogen is inevitable during urine storage, therefore 

compromising total nitrogen recovery. In this work, we developed a novel nitrogen recovery 

process targeting fresh urine that is more suitable for on-site treatment with high efficiency 

and is more time and spatial friendly. To achieve this, we leveraged the modularity of metal-

organic frameworks (MOFs), designed and synthesized three functionalized MOFs with 

various modification methods to facilitate the process of nitrogen recovery from fresh urine. 

Specifically, we synthesized urease-incorporated MOF-808, MOF-808-U, for rapid urea 

hydrolysis, oxalate-decorated MOF-808, MOF-808-OA, for efficient ammonium capture, 

and Cu(II)-bonded MOF-808, MOF-808-Cu, for real-time ammonium monitoring. By 

further integrating these functionalized MOFs into our newly developed treatment process, 

we were able to achieve an average of 75% total nitrogen reduction and 45% nitrogen 

recovery in five cycles from synthetic fresh urine with each cycle taking 30 min. Ammonium 

nitrate was the major nitrogen recovery product, and urea was also found captured and 

recovered by MOF-808-OA due to the non-specific van der Waals interaction, which further 

boosted the total nitrogen recovery efficiency. In summary, the nitrogen recovery process 
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developed in this work provides a sustainable and efficient nutrient management that is 

suitable for decentralized toilet wastewater treatment system. 

 

5.2 Introduction 

Nitrogen recovery from urine is an important practice to promote the water-food-energy 

nexus. Human urine contributes to up to 80% of total nitrogen in domestic sewage1 that can 

lead to eutrophication when left untreated. Approximately $2.2 billion per annum is lost due 

to damage caused by eutrophication,2,3 and $0.5/gpd per annum is spent on treatment 

methods for total nitrogen control in municipal wastewater treatment plants.4 Also, this 

abundant nitrogen in urine represents a valuable resource for fertilizers that can boost global 

agriculture production if managed wisely. It is projected that around 300 million tons 

nitrogen in fertilizer would be required for global food agriculture by 2030,5 whereas 

nitrogen excreted from urine alone can make up around 30 million tons,6,7 which can 

potentially feed hundreds of millions of people in the world.8–10 For comparison, nitrogen 

available from urine accounts for ∼20% of ammonia generated from the energy-extensive 

Haber–Bosch process,11 which is also responsible for roughly 60 million tons of global 

anthropogenic CO2 emissions per annum.11,12 Therefore, nitrogen recovery from urine is now 

recognized as a critical step in the water-food-energy nexus towards a more sustainable 

economy.13 

Nitrogen from urine can be captured either in the form of ammonia/ammonium in stored 

urine or urea in fresh urine. Urea is difficult to be separated from fresh urine because it is 

nonionic and yet has high water solubility. Current urea recovery processes mainly rely on 

volume reduction,14,15 membrane treatment,16,17 and precipitation,18 all of which require 

substantial external input of energy or chemicals. By contrast, ammonia/ammonium are 

easier targets for capture and recovery as ammonia is volatile, and ammonium can be readily 

separated based on electrostatics interactions. Common ammonia/ammonium recovery 

methods include ion exchange,19–22 gas stripping,23–26 electrochemical treatment,24,27–29 and 

precipitation.23,30–32 However, ammonia/ammonium recovery from stored urine heavily 

relies on the complete hydrolysis of urea which can take up to days depending on the specific 

environment.31,33,34 This further requires large areas for urine storage, efforts for urine 
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collection and transportation, and sophisticated urine stabilization prior to the nitrogen 

recovery treatment35 – all leading to higher capital costs and maintenance expenses.7,36 

Additionally, a substantial amount of ammonia-nitrogen is lost during the long-term urine 

storage,7 which significantly decreases the overall nitrogen recovery of the treatment process. 

To tackle the challenges in current urine nitrogen recovery techniques, we report here an 

integrated decentralized treatment platform for nitrogen recovery from fresh urine that can 

circumvent the long-term spatial urine storage and minimize nitrogen lost during this process 

(Scheme 1). We expect that by accelerating urea’s hydrolysis rate artificially in fresh urine 

and capturing the hydrolysis product in situ, we can achieve greater yield of nitrogen from 

fresh urine. Furthermore, on-site ammonium-nitrogen monitoring can provide real-time 

information on nitrogen levels in the treated effluent, reflecting the recovery efficiency 

during operation. No urine storage is required in this case; therefore the treatment process is 

more applicable for point-of-use wastewater treatment. 

In order to fulfill the multiple tasks in the proposed fresh urine treatment, we (i) selected 

a highly water stable and porous zirconium metal-organic framework, MOF-808, (ii) 

leveraged the high modularity of this material, and (iii) designed and synthesized an array of 

functional MOF-808 specifically for the purpose of fresh urine nitrogen recovery. MOF-808 

is a class of zirconium MOF with high thermal and water stability, porosity, and 

physicochemical properties tunability. It has been studied extensively in a diverse array of 

water treatment applications, including target molecule sensing, desalination, pollutant 

removal, and both catalytic oxidation, and reduction.37–42 As the first example of employing 

MOF-808 in toilet wastewater treatment, we first designed a MOF-urease composite, called 

MOF-808-U, to create an artificial urease-enriched environment to significantly accelerate 

urea hydrolysis to facilitate nitrogen removal from fresh urine. We further developed a series 

of dicarboxylate-functionalized MOF-based adsorbents (called MOF-808-OA) as efficient 

and regenerable adsorbents for ammonium ion capture, and we carried out Molecular 

Dynamics calculations to provide atomic level information on the pore engineering-

ammonium capture relationships. Lastly, we designed a Cu(II)-incorporated MOF-808, 

designated as MOF-808-Cu, to provide continuously visual color response towards 

ammonium to serve as an online system-monitoring component. MOF-808-U, MOF-808-
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OA, and MOF-808-Cu were then effectively integrated into a fresh urine treatment 

process, and we were able to achieve 75% nitrogen removal and 45% recovery efficiency in 

as short as 30 min. This treatment process serves as a promising alternative for urine 

treatment and has the potential for use as a sustainable, decentralized wastewater treatment 

coupled with extraction of an important fertilizer for onsite use. 

 

 

Scheme 5.1 Newly developed nitrogen recovery from fresh urine facilitated with 

functionalized MOFs. 

 

5.3 Results 

Urea hydrolysis with MOF-808-U. Urea hydrolysis is ubiquitous in nature and is 

naturally catalyzed by urease generated by the microbes in a slow and uncontrollable 

manner.43 As a result, the rate of ureolysis has been reported to be quite variable in different 

studies, indicating that it is highly dependent on the local environment. For example, Udert 

et al. reported that 960 g urea-N d-1 could be hydrolyzed in NoMix pipes and 180 g urea-N 

d-1 in collection tanks.43 A study by Liu et al. indicated complete urea hydrolysis could take 

up to 2 to over 6.5 days.33 A more recent study focusing on urine collection on a building-

scale by Jagtap et al. demonstrated that complete urea hydrolysis could be achieved in 8 h.34 

This variable nature of urea hydrolysis inevitably results in unpredictable processing time 

and efficiency from batch to batch, creating uncertainty in a centralized facility. 
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Consequently, large-scale urine storage is necessary to be incorporated with onsite urine 

treatment for complete urea conversion prior to nitrogen recovery. This increases capital 

costs and makes it challenging for decentralized treatment systems (e.g., single family 

houses). 

In order to significantly boost urea hydrolysis in fresh urine to compensate the natural 

processes, we developed an artificial urease-enriched environment with the assistance of 

MOF-808. Jackbean urease was immobilized onto the MOF-808 backbone via strong 

covalent bonds, providing a MOF-urease composite that can serve as a highly efficient, 

stable, and more sustainable catalyst for urine hydrolysis. Optimizing from the previously 

reported procedure and incorporating N-hydroxysuccinimide to increase the stability of the 

intermediate ester in aqueous solutions,44,45 we successfully grafted urease onto the MOF 

backbone by forming amide bonds between the amino residues on urease and the terminal 

carboxylate groups on MOF-808 (Figure 5.1a). This MOF-urease composite is designated 

as MOF-808-U, for which we determined the loading capacity to be 1.7 g urease/g MOF-

808. Successful immobilization of urease was confirmed by FT-IR spectra, where both the 

amide I (1714 cm-1) and amide II bands (1654 cm-1) from free urease were observed in the 

spectrum of MOF-808-U (Figure 5.S1).46 The crystalline structure of the MOF was well-

maintained during the modification process as confirmed by powder X-ray diffraction 

(PXRD) measurements (Figure 5.1b), and the morphology of the crystallites remained 

unaltered as evidenced by SEM images (Figure 5.S8 and 5.S9), demonstrating that MOF-

808 provides a robust backbone for materials engineering purposes. 

Catalytic activity of the immobilized urease was assayed first, leading to Michaelis–

Menten saturation curves plotted for both MOF-808-U and free urease in Figure 5.1c. MOF-

808-U possessed a very similar Michaelis–Menten constant (Km (MOF-808-U) = 25.15 mM) 

compared to that of free urease (Km (free urease) = 24.80 mM), indicating that the affinity of 

MOF-808-U towards urea is almost comparable to that of the free enzyme. We observed a 

decrease of kcat for MOF-808-U (Table 5.S1), as commonly observed for enzyme 

immobilization.47–50 Most importantly, stability of the immobilized urease was significantly 

enhanced in MOF-808-U (Figure 1d). While free urease almost completely denatured after 

being stored in an aqueous solution for one day, MOF-808-U still possessed 40% of its 
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original activity after one day, and maintained around 20% activity after six days. This 

unprecedented prolonged stability of MOF-808-U likely originates from the multipoint 

strong covalent attachment of urease onto the MOF backbone that maintains the intrinsic 

structural integrity of the enzyme.51,52 This suggests that MOF-808-U is more suitable to fit 

into daily consumables to provide reliable and controllable performance. 

 

 

Figure 5.1 (a) Synthesis scheme for MOF-808-U. Urease structure from pdb 4H9M. (b) 

PXRD patterns of MOF-808-U and pristine MOF-808. Almost identical PXRD patterns 

indicates that the crystallinity of MOF structure was well-maintained during the 

incorporation of urease. (c) Michaelis–Menten kinetic measurement of MOF-808-U and free 

urease. MOF-808-U exhibited near-identical enzymatic activity as that of free urease. (d) 

Stability tests of MOF-808-U and free urease, where MOF-808-U demonstrated its stability 

(up to 6 days) compared to free urease. 

 

Ammonium capture with MOF-808-OA. One major driving force for ammonium 

capture in common adsorbents is electrostatic interaction, exemplified by negatively charged 

functionalization of the sorbents.19,53 In order to introduce ammonium binding affinity to the 
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MOF-808 backbone, we selected a series of dicarboxylic acid compounds, namely oxalic 

acid (OA), malonic acid (MA), and succinic acid (SA), as anionic functional groups in this 

work. For each compound, one carboxylate stitches strongly to the Zr6O8 cluster via bidentate 

chelating,54 whereas the other remains dangling inside the pore to serve as the ammonium 

adsorptive site (Figure 5.2a). Successful incorporation of MA and SA was confirmed and 

quantified with 1H NMR spectra of the digested samples (Figure 5.S6 and 5.S7), whereas 

the incorporated OA was determined via colorimetric assay of the digested MOF-808-OA.55 

FT-IR spectra further confirmed the successful introduction of the dicarboxylic acids. The 

absorbance corresponding to the carbonyl stretching from formate in pristine MOF-808 

shifted from 1704 cm-1 to 1697 cm-1, 1699 cm-1, and 1703 cm-1 in MOF-808-OA, MOF-808-

MA, and MOF-808-SA, respectively, which follows the trend in molecular compounds 

(Figure 5.S2).56 At the same time, the MOF-808 backbone remained intact with its 

crystallinity confirmed by the almost identical PXRD pattern (Figure 5.2b) and morphology 

(Figure 5.S10-12) with pristine MOF-808. These results again corroborate MOF-808 as a 

robust and versatile material for varying functionalization. 

With the materials in hand, we examined ammonium uptake performance of the four 

MOF-808-based adsorbents. The ammonium adsorption isotherms were fitted best with the 

Langmuir-Freundlich model for all materials (Figure 5.2c). While all adsorbents exhibited 

a decent level of ammonium capture, MOF-808-OA exhibited the highest ammonium 

capture capacity (Qe = 113 mg g-1 using the Langmuir–Freundlich model), followed by 

MOF-808-MA, MOF-808-SA, and pristine MOF-808. Time-course adsorption 

measurements were further carried out. Ammonium capture by all materials was kinetically 

efficient (Figure 5.2d). MOF-808-OA again outperformed the others, reaching equilibrium 

capacity within 1 min. 

The favorable properties of MOF-808-OA indicated that functionalities on MOF-808 

play a major role in their ammonium binding affinity. To better understand how the above 

pore engineering influenced the ammonium uptake behavior, we carried out molecular 

dynamics (MD) simulations on all four MOF materials (for details see Section 8 of the SI). 

After a 20 ns MD production run in the NVT ensemble for each system, in which the 

ammonium ions were added accordingly to the experimental concentrations, we observed a 
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strong interaction between the anionic carboxyl oxygen atoms of the different acids (OA, 

MA and SA) and the ammonium ions, which has been analyzed by the radial distribution 

function (RDF) (Figure 5.2e). From this plot we estimated an average distance of 0.285 nm 

between the ammonium ions and the carboxylic oxygens. Integrating the RDF leads to 1.24, 

3.33 and 2.74 oxygen atoms per ammonium ion (Figure 5.S18). This result supports the 

formation of an ionic complex in which no water is involved, reflecting not only the different 

amount of acids present in the modified MOF-808, but also the decreasing pore size due to 

the increasing chain lengths of the MA and SA acids (Table 5.S4), which in turn allows 

ammonium ions to get closer to more oxygen atoms. In comparison, the pristine MOF-808 

presented a much longer average distance of 0.445 nm between the ammonium and the 

hydrogen of the formate group, corresponding to having two hydrogen atoms close to the 

ammonium ions. This suggests that a layer of water is present between the ions, weakening 

the interaction. 

To quantify the strength of these N+-O- interactions, we carried out two-phase 

thermodynamic (2PT) analysis to compute the adsorption free energy difference between the 

ions in water compared to the cases when they were adsorbed in the MOF. Our calculations 

indicate that MOF-808-OA presents the strongest adsorption free energy (-4537 kcal/mol), 

followed by MOF-808-MA (-4303 kcal/mol) and MOF-808-SA (-3109 kcal/mol). These 

results have the same trend as found from experimental adsorption data. As comparison, the 

pristine MOF-808 showed an adsorption free energy of only -2172 kcal/mol, confirming the 

added benefit of the incorporation of carboxylic acid in the MOF structure for ammonium 

adsorption. These MD calculations also supported the experimental finding that the best 

candidate is MOF-808-OA, as found experimentally, which we then used as the ammonium 

adsorbent for the remainder of our studies. 

The regeneration of MOF-808-OA, an important property for sustainability in nitrogen 

recovery, was evaluated further. We used NaNO3 solution to treat ammonium-saturated 

MOF-808-OA, during which sodium ions were exchanged with ammonium to regenerate 

MOF-808-OA carrying sodium ions. This provided ammonium nitrate in solution as the 

nitrogen recovery product. MOF-808-OA could be reused for at least 10 cycles while 

retaining the ammonium capture capacity. Moreover, quantification of ammonium before 
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and after adsorption and during recovery indicated that near complete recovery of 

ammonium was achieved (Figure 5.2g). These results thus demonstrated the potential of 

utilizing MOF-808-OA for sustainable nitrogen recovery in water treatment. 

 

 

Figure 5.2 (a) Synthesis scheme of MOF-808-based ammonium adsorbents. (b) PXRD 

patterns, (c) ammonium uptake isotherms, and (d) ammonium capture kinetics experiments 

of MOF-808, MOF-808-OA, MOF-808-MA, and MOF-808-SA. While all four MOF 

materials shared identical structure, modification of interior pore environment has a direct 

and significant impact on their ammonium capture performances. (e) Cumulative RDF 

analysis for the nitrogen-oxygen distance for all the studied MOF systems. (f) Ammonium 

uptake capacity and (g) recovery efficiency of MOF-808-OA with 10 cycles of regeneration, 
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where sodium nitrate solution was used as the regeneration reagent and ammonium 

nitrate as the recovery product. 

 

Real-time ammonium sensing with MOF-808-Cu. Online monitoring of nutrient 

levels in pre- and post-treated water is essential to water management processes to ensure the 

desired treatment. As for the ammonium ion, the commonly used Berthelot method requires 

several reaction steps and reagents (e.g., basic conditions, hypochlorite, and phenol) followed 

by a UV colorimetric determination of the concentration,57,58 which complicates 

decentralized point-of-use applications. The emergence of innovative nanomaterials has 

opened up new avenues for ammonium-based sensors.59,60 While most of current ammonium 

sensing systems afford nanomolar detection limits and a working range up to millimolar, 

they are not suitable for the direct use in toilet wastewater treatment because of the ultrahigh 

ammonium levels in urine. Therefore, a sensitive, accurate, and feasible point-of-use 

ammonium sensor with high detection limit is required for use in onsite toilet wastewater 

treatment systems. Towards this end, we developed another MOF-808-based functionalized 

material to serve as the online water quality indicator. 

Inspired by the well-known Cu(II)-ammonia complex that possesses a distinguishing 

dark blue color, we selected Cu(II) to be incorporated onto the MOF-808 backbone for 

colorimetric sensing of ammonium. MOF-808-Cu was easily synthesized by impregnating 

MOF-808 with a CuSO4 methanolic solution. Strong absorbance within the range of 1200-

900 cm-1 in the FT-IR spectrum of MOF-808-Cu is assigned to the vibration of Zr-O-Cu 

bonds as well as the coordinated sulfate on the Cu (Figure 5.S3).61–63 Loading of Cu was 

quantified as 4.75% w/w by ICP-MS and the Zr-to-Cu atomic ratio was determined to be 

4.72:1. The highly crystalline structure of the pristine MOF-808 was again well-maintained 

upon incorporation of Cu, as well as after binding of ammonia during sensing (Figure 5.3a). 

SEM-EDS mapping further indicated that Cu was homogeneously distributed throughout the 

MOF backbone (Figure 5.3b and 5.S13). This further modification of MOF-808 indicates 

that MOF-808 is a robust candidate for multivariate functionalizations for use in 

environmental engineering applications. 
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We evaluated MOF-808-Cu’s response to ammonium ion. Upon exposure to 

ammonium, the solids immediately changed color from pale green to blue. This colorimetric 

response was observed in the UV−Vis diffuse reflectance spectra (Figure 5.S18), which 

showed a significant blue shift of the UV-Vis absorbance maximum from 757 nm to 667 nm. 

Furthermore, the obvious color change could be readily quantified using a digital camera 

(e.g., a smartphone camera) (insert of Figure 5.3c). By decomposing the image into red (R), 

green (G) or blue (B) channels from the image of Figure 5.3c, a linear curve within the range 

of 200-4000 ppm could be constructed from the data points obtained from the R and G 

channels, where R channels afforded the highest accuracy and linearity (Figure 5.3c and 

5.S19-21). Notably, MOF-808-Cu can also be reused for at least five cycles with mild heat 

treatment to regenerate Cu (II) coordination sites while readings of the R channel remained 

mostly constant (Figure 5.3d). As such, MOF-808-Cu can be used in fresh urine treatment 

systems as a color sensor to realize real-time water quality monitoring. 

 

 

Figure 5.3 (a) PXRD patterns of pristine MOF-808, MOF-808-Cu, and MOF-808-Cu 

exposed with [NH4
+-N] of 2000 ppm. (b) SEM-EDS images of MOF-808-Cu. (c) Linear 

relationship between the readout of the R channel of an image of MOF-808-Cu suspension 

and [NH4
+-N]. Inset: an image of MOF-808-Cu suspended in a series of solutions with 
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different [NH4
+-N] levels. Concentrations from top left to bottom right are: 40000, 20000, 

8000, 4000, 2000, 800, 400, 200, 80, and 40 ppm. Single vial on the right was MOF-808-Cu 

suspended in water. (d) Readout of the R channel of MOF-808-Cu after 5 cycles of 

regeneration. Inset: an image of regenerated MOF-808-Cu suspended in a solution of 2000 

ppm [NH4
+-N]. 

 

Nitrogen recovery from fresh urine. Integrating all three functionalized MOF 

materials, we developed a prototype system specifically for nitrogen recovery from fresh 

urine (Figure 5.4a). The working prototype utilizes two major steps that can work in parallel: 

(1) 30 min of nitrogen conversion and 

(2) 30 min of nitrogen removal and recovery. 

First, fresh urine was incubated with MOF-808-U for 30 min to hydrolyze the majority, if 

not all, of the urea. Hydrolyzed effluent was then mixed with MOF-808-OA for 15 min to 

ensure that the adsorption of ammonium reached equilibrium given the fast rate of the 

adsorption of ammonium. Saturated MOF-808-OA was regenerated with NaNO3 with a 15 

min mixing, yielding ammonium exchanged with sodium in the regeneration solution and 

the adsorptive sites free and ready for the next runs. During nitrogen capture and recovery, 

MOF-808-U could accommodate more incoming fresh urine for the next cycle to ensure a 

continuous operation of the treatment train. Therefore, theoretically, the current setup allows 

for the treatment of fresh urine every 30 min when functioning consecutively. 

As a proof of concept, we performed five cycles of treatment with synthetic fresh urine 

(prepared following a previously reported recipe).64 Given the high concentration of nitrogen 

in the initial influent ([Urea-N] = 7000 ppm), a high loaded level of MOF-808-U and MOF-

808-OA (200 g/L) was required for sufficient nitrogen removal. The concentrations of urea 

and ammonium were measured after each treatment to determine the overall nitrogen 

removal and recovery efficiency. As shown in Figure 5.4b, the first three cycles of the 

treatment resulted in ∼80% total nitrogen removal, which meets the ISO30500 standard for 

70% total nitrogen reduction.65 A slight drop of total nitrogen reduction efficiency was 

observed in the fourth and the fifth cycle, but the majority of nitrogen (67% and 62%) could 

still be removed with a 30 min treatment. Total nitrogen recovery efficiency, however, 
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followed the opposite trend – relatively low for the first two cycles and increased to 48%-

64% for the later cycles. This phenomenon was due to near-complete urea hydrolysis during 

the first three cycles (Figure 5.4c), which resulted in high ammonium ion formation coupled 

with evaporative loses of ammonia resulting in a reduced adsorption of ammonium.66 During 

the subsequent two cycles, the loss of ammonia was reduced as the hydrolysis product was 

readily captured by MOF-808-OA, resulting in a total recovery efficiency reaching to the 

total removal efficiency. Overall, the current treatment process yielded an average of 75% 

total nitrogen reduction and an average of 45% nitrogen recovery in five cycles. Furthermore, 

MOF-808-Cu, the in situ chromophoric probe gave the anticipated color changes that could 

be visually observed with (Figure 5.4c). While the blue color (top) indicated significant 

ammonium was generated by MOF-808-U, the change of color to green (bottom) 

demonstrated substantial removal of ammonium by MOF-808-OA. Such color changes 

could be observed for all five cycles, indicating that urea hydrolysis, ammonium capture, as 

well as regeneration of MOF-808-OA were carried out successfully for each cycle. Based on 

the above results, it is clear that all three MOF materials performed as predicted and have the 

potential for sustainable nitrogen capture and subsequent elution from fresh urine. 

 

 

Figure 5.4 (a) Schematic diagram of fresh urine treatment integrating the functionalized 

MOF materials designed in this work. (b) Total nitrogen removal and recovery efficiency of 

five cycles of entire treatment. (c) MOF-808-Cu suspended in the treated solution after MOF-

808-U (top) and MOF-808-OA (bottom) in each of the five cycles, demonstrating efficiency 

of each treatment steps (urea conversion, ammonium capture, and regeneration of 

ammonium adsorbent). 
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5.4 Discussion 

In summary, we developed an integrated system that, to our knowledge, for the first 

time achieved simultaneous nitrogen removal and recovery from fresh urine. Efficient 

nitrogen reduction was achieved in the effluent, which significantly reduced the burden for 

downstream treatment (e.g., biological and electrochemical treatment in onsite systems) to 

remove nutrients and minimize the risk of further eutrophication. Efficient nitrogen recovery 

further provides valuable byproducts for use as potential fertilizers for agricultural 

applications. Materials developed in this work can be readily synthesized at large scale and 

are highly durable for regeneration and reuse, therefore providing a promising basis for future 

implementation and commercialization. Taken together, the fresh urine treatment system 

described herein has the potential to transform decentralized urine treatment approaches and 

to contribute to the water-food-energy nexus concerns in rural and developing communities. 

The MOFs used in this study showcase their ultrahigh versatility as modular materials to 

be functionalized towards specific environmental applications. This work renders itself as 

the first example of employing MOFs for complicated toilet wastewater treatment and 

fulfilling multi-tasks. We incorporated three distinctly different functions, including the 

capacity for the rapid but stable enzymatic hydrolysis of urine, the efficient and reusable 

sorptive capture of ammonium, and the in situ sensing of ammonium with a MOF 

platform. Together with other reports of MOFs used for removal or sensing of target 

pollutants in water, we anticipate that MOFs will be used as robust and versatile substrates 

that will have use for improving water quality and the sustainable recycling of nitrogen and 

phosphorus nutrients. 
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5.6 Supporting Information 

5.S1 General Information 

Chemical reagents were purchased from Sigma-Aldrich, Fisher Scientific, and TCI 

America. Unless otherwise noted, all commercial reagents were used without further 

purification. 

Powder X-ray diffraction data for unit cell determination were collected using a 

Panalytical X'Pert Pro and a Rigaku SmartLab. FT-IR spectra were obtained from a 

Nicolet™ iS50 FTIR Spectrometer. Digested MOF samples were prepared by dissolving 5 

mg powder in 20 L of HF solution and 480 L of (CD3)2SO, followed by 5 min of 

sonication (and heating, if needed) to ensure all the solids were fully dissolved. Final clear 

solutions were used for 1H NMR measurement. Solution 1H NMR spectra were acquired on 

a Bruker DRX500 NMR spectrometer. Samples for SEM study were prepared by dropcasting 

the MOF-methanol suspension onto a silicon wafer. SEM/EDS analysis was carried out on 

a ZEISS 1550VP Field Emission SEM - Oxford EDS - HKL EBSD system. During the SEM 

measurement, the accelerating voltage was 5 kV and the working distance was kept at 6 mm. 

For the SEM/EDS measurement of MOF-808-Cu, the accelerating voltage was 15 kV and 

the working distance was kept at 6 mm. UV−vis diffuse reflectance measurement was carried 

out on Cary 5000. 

Concentration of ammonium was determined by the colorimetric assay adapted from the 

Berthelot method.1,2 50 L of sample was added to a mixture (pH 11.0) of 6.95 mL of Milli-

Q water, 0.5 mL of phenol (3%) solution, and 2 mL of Na2HPO4 solution, and 0.25 mL of 
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nitroprusside solution (0.50 g/L). After complete mixing, 250 L of NaClO (2.5%) 

solution was added, and the final solution was put in a 80oC water bath for 10 min, followed 

by cooling with water to room temperature. Full spectrum was collected with a NanoDrop 

2000 spectrometer and absorbance at 628 nm was used to quantify the amount of ammonium 

in solutions. 

Concentration of urea was determined by the colorimetric assay adapted from a previous 

report.3 Sample solution (1 mL) was first mixed with a potassium phosphate buffer (50 mM, 

pH 7.2, 1 mL), and p-dimethylaminobenzaldehyde solution (0.1 M in 10:1 ethanol and 

concentrated HCl (v/v), 0.5 mL) was then added. Mixture was mixed at room temperature 

for 30 min and UV-Vis spectra was taken with a NanoDrop 2000 spectrometer. Absorbance 

at 435 nm was recorded to determine urea concentrations. 

 

5.S2 Synthesis Procedures 

MOF-808: Microcrystalline MOF-808 was synthesized and activated following the previous 

procedure.4 Organic component of MOF-808 was quantified with 1H NMR spectrum of the 

digested sample and the chemical formula of synthesized MOF-808 was determined as 

Zr6O7.2(OH)0.8(C9H3O6)2(HCOO)2.8. 

MOF-808-U: Urease was covalently immobilized onto MOF-808 backbone via the 

carbodiimide coupling reaction and the condition was optimized from the reported 

procedure.5 MOF-808 (10 mg) was immersed in an anhydrous DMF solution (1 mL) 

containing EDC∙HCl (9.6 mg), DMAP (1.5 mg), and NHS (5.8 mg). The suspension was 

completely mixed at 37oC for 30 min, and the solids were separated and washed with DMF 

and H2O. The amine-active-NHS ester intermediate was then immersed in urease solution (1 

mL, 20000 ppm in 50 mM HEPES solution, pH 7.0), and the mixture was allowed to rotate 

at a revolver at 10 rpm at room temperature overnight for complete coupling. Solids were 

then separated and washed with 50 mM HEPES solution. Supernatant in the second step of 

coupling was collected and added into cold acetone (4 times of the volume), fully mixed, and 

stored in a -20oC freezer overnight. On the next day, the precipitated protein was centrifuged, 

separated, and dried under vacuum, and quantified with Pierce BCA protein colorimetric 

assay. The immobilization yield of urease onto MOF-808 was determined as 1.7g/g. 
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MOF-808-no FA: MOF-808-no FA was synthesized as an intermediate for incorporation 

of the dicarboxylate. Activated MOF-808 was suspended in a HCl solution and heated at 

80oC for 2 days. Over a period of 24 hours, MOF powders were separated and the supernatant 

was decanted and replaced with fresh HCl solution. The solids were washed with water and 

were carried onto the following post-synthetic modification. 

MOF-808-OA: MOF-808-no FA was added into a sodium oxalate (OA) aqueous solution 

and stirred at room temperature for 2 days. Over a period of 24 hours, MOF powders were 

separated and the supernatant was decanted and replaced with fresh sodium oxalate solution. 

The solids were washed with water and anhydrous acetone and dried under vacuum. 

Successful incorporation of oxalate was confirmed and quantified by a reported colorimetric 

assay procedure,6 and chemical formula was determined as 

Zr6O7(OH)(C9H3O6)2(O2CCO2Na)3. 

MOF-808-MA: MOF-808-no FA was added into a malonic acid (MA) aqueous solution for 

2 days. Over a period of 24 hours, MOF powders were separated and the supernatant was 

decanted and replaced with fresh malonic acid solution. The solids were washed with water 

and anhydrous acetone and dried under vacuum. Successful incorporation of malonic acid 

was confirmed and quantified with the 1H NMR spectrum of the digested sample, and 

chemical formula was determined as Zr6O4.2(OH)3.8(C9H3O6)2(MA)5.8. 

MOF-808-SA: MOF-808-no FA was added into a succinic acid (SA) aqueous solution for 2 

days. Over a period of 24 hours, MOF powders were separated and the supernatant was 

decanted and replaced with fresh succinic acid solution. The solids were washed with water 

and anhydrous acetone and dried under vacuum. Successful incorporation of succinic acid 

was confirmed and quantified with the 1H NMR spectrum of the digested sample, and 

chemical formula was determined as Zr6O4.7(OH)3.3(C9H3O6)2(SA)5.3. 

MOF-808-Cu: MOF-808 was added into a CuSO4 methanolic solution. The suspension was 

rotated at 10 rpm at room temperature overnight for complete mixing. Solids were separated 

by centrifuge, washed with MeOH, and dried under vacuum. 

 

5.S3 FT-IR Spectra 
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Figure 5.S1 FT-IR spectra of MOF-808, free urease, and MOF-808-U. 

 

 

Figure 5.S2. FT-IR spectra of MOF-808 and the dicarboxylate functionalized derivatives. 
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Figure 5.S3 FT-IR spectra of MOF-808 and MOF-808-Cu. 

 

5.S4 1H NMR Spectra of Digested MOF Samples  

 

Figure 5.S4 1H NMR spectrum of digested MOF-808. Peak with the chemical shift of 8.08 

ppm is assigned to formic acid (FA). Ratio of BTC and FA was determined as 2:2.82. 
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Figure 5.S5 1H NMR spectrum of digested MOF-808-OA. 

 

 

Figure 5.S6 1H NMR spectrum of digested MOF-808-MA. Peak with the chemical shift of 

3.23 ppm is assigned to malonic acid (MA). Ratio of BTC and MA was determined as 2:5.78. 

 



 

 

172 

 

Figure 5.S7 1H NMR spectrum of digested MOF-808-SA. Peak with the chemical shift of 

2.40 ppm is assigned to succinic acid (SA). Ratio of BTC and SA was determined as 2:5.30. 

 

5.S5 SEM Images 

 

Figure 5.S8 SEM image of MOF-808. 
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Figure 5.S9 SEM image of MOF-808-U. 

 

 

Figure 5.S10 SEM image of MOF-808-OA. 
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Figure 5.S11 SEM image of MOF-808-MA. 

 

 

Figure 5.S12 SEM image of MOF-808-SA. 
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Figure 5.S13 SEM image of MOF-808-Cu. 

 

5.S6 Characterization of MOF-808-U 

Michaelis–Menten kinetics experiments 

As-synthesized MOF-808-U (10 mg) was added to urea solutions of various 

concentrations. Upon complete mixing, the suspensions were further rotated at 10 rpm at 

room temperature for 10 min. Mixtures were centrifuged, and the ammonium concentration 

of the supernatant was determined to evaluate the hydrolysis efficiency. For free urease, the 

procedures were similar except that 50 L of the urease solution (20000 ppm in 10 mM 

HEPES, pH 7.0) was used as the enzyme source, and ammonium concentration was 

determined after 1 min of reaction. 

 

Table 5.S1 Enzymatic kinetic parameters determined from the Michaelis–Menten plot. 

 Km (mM) kcat (mM s-1 g-1) 

MOF-808-U 25.15 0.1825 

Free Urease 24.80 0.3565 
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Stability tests 

MOF-808-U (10 mg) was added to a urea solution (250 mM, 1 mL). Suspension was left 

at a rotator (10 rpm) for 24 h, and urea concentration was measured to calculate the amount 

of consumed substrate. Free urea solution was then added to the separated MOF-808-U for 

the measurement of the immobilized urease’s activity on the following day. To determine 

the stability of free urease in the solution (10 mM HEPES, pH 7.0), a stock solution was 

firstly made (20000 ppm) and kept at room temperature. For each day’s measurement, 50 L 

of urease solution was taken from the stock solution and added to a urea solution. The mixture 

was left at a rotator for 24 h before urea concentration was determined. 

 

5.S7 Characterization of MOF-808-Based Adsorbents 

Ammonium adsorption isotherms measurements 

Aqueous solutions of ammonium bicarbonate (NH4HCO3) of different concentrations 

were prepared by dissolving the salt of proper amount in Milli-Q water. NH4HCO3 was 

selected for the isotherm measurement as the pH of the solutions was well-maintained in a 

wide range of concentrations of the solute (pH: 8.20±0.04). 

MOF powders were added into different concentration ammonium solutions with a final 

suspension concentration of 10 g/L. The mixtures were left at a rotate revolver at 10 rpm at 

room temperature overnight to ensure adsorption equilibrium was reached. Suspensions were 

centrifuged, and the supernatant was directly used for the quantification of ammonium. 

Qeq, ammonium capture capacity was calculated using the following equation: 

𝑄𝑒𝑞 =
(𝐶𝑖 − 𝐶𝑒) × 𝑉

𝑚
 

where V is the volume of the solution (mL), m is the mass of adsorbents (mg), and 𝐶𝑖 and 𝐶𝑒 

are initial and final concentrations of solution, respectively. 

Three adsorption isotherm models, namely, Langmuir, Freundlich, and Langmuir–

Freundlich models were applied to fit the experimental data. Fitting parameters of three 

models for MOF-808, MOF-808-SA, MOF-808-MA, and MOF-808-OA were summarized 

in the following table (Table 5.S2). The Langmuir–Freundlich model yielded the best fit for 

all adsorbents. 
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Figure 5.S14 Comparison of Langmuir, Freundlich, and Langmuir–Freundlich models of 

MOF-808 for fitting the experimental uptake data. 

 

 

Figure 5.S15 Comparison of Langmuir, Freundlich, and Langmuir–Freundlich models of 

MOF-808-OA for fitting the experimental uptake data. 
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Figure 5.S16 Comparison of Langmuir, Freundlich, and Langmuir–Freundlich models of 

MOF-808-MA for fitting the experimental uptake data. 

 

 

Figure 5.S17 Comparison of Langmuir, Freundlich, and Langmuir–Freundlich models of 

MOF-808-SA for fitting the experimental uptake data. 

 

Table 5.S2 Fitting parameters of three different models for MOF-808-based adsorbents. 
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Langmuir, 𝑄𝑒𝑞 =
𝑄𝑠𝑎𝑡𝐾𝐿𝐶𝑒

1+𝐾𝐿𝐶𝑒
 

 𝑄𝑠𝑎𝑡  (mg g-1) 𝐾𝐿 (L mg-1)  𝑅2 

MOF-808 51.47106 4.7151*10-4  0.92128 

MOF-808-SA 70.63362 2.63402*10-4  0.92361 

MOF-808-MA 96.24274 2.39109*10-4  0.99152 

MOF-808-OA 92.17529 4.33557*10-4  0.98305 

Freundlich, 𝑄𝑒𝑞 = 𝐾𝐹𝐶𝑒

1

𝑛 

 𝐾𝐹 (L1/n mg-1/n) n  𝑅2 

MOF-808 0.17906 1.55601  0.87519 

MOF-808-SA 0.09316 1.37022  0.91011 

MOF-808-MA 0.10093 1.32989  0.98358 

MOF-808-OA 0.34153 1.57846  0.97915 

Langmuir- Freundlich, 𝑄𝑒𝑞 =
𝑄𝑠𝑎𝑡(𝐾𝐿𝐹𝐶𝑒)

1
𝑛

1+(𝐾𝐿𝐹𝐶𝑒)
1
𝑛

 

 𝑄𝑠𝑎𝑡  (mg g-1) 𝐾𝐿𝐹 (L1/n mg-1/n) n 𝑅2 
MOF-808 28.35427 4.02817*10-8 0.39507 0.98696 

MOF-808-SA 35.71255 2.66543*10-6 0.55382 0.92753 

MOF-808-MA 65.28451 9.03994*10-5 0.82257 0.99253 

MOF-808-OA 112.58567 2.88443*10-4 1.11177 0.98545 

 

Adsorption kinetics experiment 

MOF-based adsorbents were added into a 50 mM ammonium bicarbonate solution with 

a loading of 50 g/L. The mixtures were rotated at 10 rpm at room temperature for 90 min, 

during which aliquots were taken at intervals. MOF powders were separated and ammonium 

levels in the resulting solutions were analyzed with the colorimetric assay. 

 

Regeneration of MOF-808-OA and ammonium recovery 

Exhausted MOF-808-OA was mixed with NaNO3 solution (1 M, 10 g/L) and left at a 

rotate revolver at 10 rpm overnight. Suspension was centrifuged and concentration of 

ammonium in the supernatant was measurement. Nitrogen recovery efficiency was 

calculated using the following equation: 

Recovery Efficiency =  
𝐶𝑟 × 𝑉𝑟

𝑚
× 100% 

where Cr is the ammonium concentration in the regeneration reagent after the treatment, V is 

the volume of the regeneration reagent, and m is the mass of adsorbed nitrogen. 
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5.S8 Computation Studies on Adsorption of Ammonium onto MOF-808-Based 

Adsorbents 

System preparation 

A unit cell with dimension 3.5 nm x 3.5 nm x 3.5 nm was created to accommodate 96 Zr 

MOF-808 clusters. The pristine MOF-808 structure7 was modified to incorporate oxalic acid, 

malonic acid, and succinic acid for MOF-808-OA, MOF-808-MA, and MOF-808-SA, 

respectively. To simulate the actual experimental conditions, all the hydrogen (H) atoms of 

the carboxylic acid groups that serve as ammonium adsorption sites were removed. The 

amount of acids present in the unit cell reflect the experimental measured amount of 3 acids 

per pore for OA, 6 for MA and 6 for SA, respectively. The unit cell was then solvated with 

water molecules, described with the SPC method. In order to reproduce the experimental 

condition of the highest absorption concentration (around 2700 ppm), different number of 

ammonium ions were added to the solvated system. In particular, 73, 66, 54 and 38 

ammonium cations per cell were added for MOF-808-OA, MOF-808-MA, MOF-808-SA 

and MPOF-808, respectively. In order to assure neutrality of the whole system, a balanced 

number of bicarbonate and hydronium ions were added. 

 

Molecular dynamic simulations 

All the four different systems followed the following protocol to obtain the molecular 

dynamics production simulations. First, a 500 steps of step descendent minimization 

followed by 500 steps of conjugate gradient minimization were performed. Afterwards, the 

system was heated to 298 K in the NVT ensemble for 10 ps, followed by a 2 ns equilibration 

in the NPT ensemble. Finally, a 15 ns long NVT production dynamics was run and the 

geometrical analyses preformed. LAMMPS software8 with the UFF force field was used for 

the entire simulations,9 in which the default atom type and charge were used. A timestep of 

0.5 fs was used for all systems and the coordinates and velocity were saved every ns. 

The same MD protocol was used to obtain the production dynamics for the ions when 

solvated in water but without the MOF. The same amount of ions as described before (73, 
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66, 54 and 38 ammonium cations and bicarbonates ions per cell, for the four systems) 

were considered. 

 

Two-phase thermodynamic (2PT) simulations 

The last frame of the production MD simulation was used as input to run three 20 ps long 

NVT MD simulations at room temperature, which were subsequently used for the 2PT 

analysis,8 for each system. The same software, forcefield and parameters as the MD protocol 

described before were considered. A timestep of 0.5 fs was used for all systems and the 

coordinates and velocity were saved every fs. 

We refer to the previous reports for a detailed description of the 2PT method and 

theory.10–12 Briefly, from the classical MD simulation the program calculates the velocity 

autocorrelation function of each saved time step, and from them the density of states (DOS) 

are computed. Finally, from the DOS different thermodynamic properties are computed and 

among them, the free energy is considered to assess the strength of the ionic interactions in 

the systems. Thus, from the three 20 ps MD for each system, we compute the free energy 

and the average values is reported. The program allows to subdivide the whole system into 

groups, and the ammonium ions were considered as a separate group from the rest. 

The same MD protocol and 2PT analysis were used also for the ions immersed in water, 

without the presence of the MOF, but in the same concentration, in order to have a reference 

point for each system studied. The final difference in free energy is obtained by subtracting 

the energy of the ions in water and in the MOF. 

 

Radial distribution function and cumulative distribution function analyses 
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Figure 5.S18 Cumulative distribution function (CDF) analyses of four MOF systems. For 

MOF-808-OA, MOF-808-MA, and MOF-808-SA, RDF intensity of carboxylate oxygen and 

ammonium nitrogen was integrated, whereas for MOF-808, RDF intensity of formate 

hydrogen and ammonium nitrogen was integrated. 

 

 

Figure 5.S19 Histogram of the RDF analysis for each ammonium-H pair present in the 

MOF-808 system. 
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Figure 5.S20 Histogram of the RDF analysis for each ammonium-oxygen pair present in the 

MOF-808-OA system. 

   

 

Figure 5.S21 Histogram of the RDF analysis for each ammonium-oxygen pair present in the 

MOF-808-MA system. 
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Figure 5.S22 Histogram of the RDF analysis for each ammonium-oxygen pair present in the 

MOF-808-SA system. 

 

2PT free energy analysis 

The adsorption free energy for ammonium uptake by MOF systems Q was calculated 

with the following equation: 

Qadsorption = EMOF-ammonium – Eammonium(aq) 

Free energy values are reported in Table 5.S3. 

 

Table 5.S3 Adsorption free energies of all MOF systems. 

Free Energy 

(kcal/mol) 
MOF-808 MOF-808-OA MOF-808-MA MOF-808-SA 

EMOF-ammonium -1138 -2181 -2246 -1527 

Eammonium(aq)
 1034 2356 2057 1582 

Qadsorption -2172 -4537 -4303 -3109 
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Figure 5.S23 Histogram of the adsorption free energy (absolute value) of all MOF systems. 

 

 

Figure 5.S24 Free energy of different amount of ammonium ions in water solution. High 

linearity of the curve indicates the high validity of the 2PT analysis. 

 

Pore size analysis 

MD simulations using the same protocol as described above, but at 77K were performed 

on the four different acid modified and solvated MOF systems, in order to assess the pore 
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size distribution. After the 15 ns MD production run, the last frame of the simulation was 

extracted and used as input for the void analysis. The Free Volume Calculator tool of the 

Maestro software13 was used, considering a probe radius of 0.15 nm and a grid spacing of 

0.025 nm. The results of the analysis are reported in Table 5.S4. 

 

Table 5.S4 Pore size analysis of all MOF systems. 

System MOF-808 MOF-808-OA MOF-808-MA MOF-808-SA 

Free volume (%) 52.08 44.56 32.67 28.95 

Mean void size 

(nm3) 
0.331 0.244 0.112 0.0978 

Radius (nm) 1.84-1.91 1.74-1.81 1.56-1.62 1.49-1.55 

 

5.S9 Detection of Ammonium with MOF-808-Cu 

 

Figure 5.S25 UV−vis diffuse reflectance spectra for MOF-808-Cu after exposing to 

ammonium hydroxide solutions of different concentrations. 

 

Colorimetric response of MOF-808-Cu with ammonium 

MOF-808-Cu was suspended in ammonium hydroxide solutions (40 g/L) and an 

immediate color change was detected from pale green to blue. RGB channels were extracted 
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from the digital images of the samples taken with an iPhone SE2 using an online 

application Color Picker (https://imagecolorpicker.com/en). 

 

 

Figure 5.S26 Relationship between ammonium concentrations vs. R value of MOF-808-Cu 

upon exposure to ammonium hydroxide solutions. 

 

 

Figure 5.S27 Relationship between ammonium concentrations vs. G value of MOF-808-Cu 

upon exposure to ammonium hydroxide solutions. 

https://imagecolorpicker.com/en
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Figure 5.S28 Relationship between ammonium concentrations vs. B value of MOF-808-Cu 

upon exposure to ammonium hydroxide solutions. 

 

5.S10 Nitrogen Recovery from Fresh Urine with Functionalized MOFs 

The relevant performances of all three functional MOFs were studied carefully during 

treatment. Near-complete conversion of urea was achieved for first three cycles with MOF-

808-U with the hydrolysis activity decreasing slightly to 70% after five successive cycles 

(Figure S27). In the case of MOF-808-OA, ammonium uptake was influenced by the 

presences of competing ions (e.g., Na+, Ca2+) (Figure S28). Uptake of urea was also observed 

with MOF-808-OA, probably due to sorption via Van der Waals interactions between urea 

and the MOF backbone.13–15 Even though adsorbed urea competes with the uptake of 

ammonium, the total nitrogen capture capacity was not significantly influenced since urea is 

also a nitrogen rich species. We also found the nitrogen recovery efficiency focusing on the 

adsorption process (MOF-808-OA) to be efficient (Figure S29). 
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Figure 5.S29 Catalytic activity of MOF-808-U in five successive cycles. 

 

1 2 3 4 5
0

5

10

15

20

25

C
a
p
a
c
ty

 (
m

g
 g

-1
)

Cycle

 NH
4

+
-N

 Total N

 

Figure 5.S30 Ammonium and total nitrogen (including urea) capture capacity of MOF-808-

OA in five cycles of treatment. 
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Figure 5.S31 Nitrogen recovery efficiency of MOF-808-OA in five cycles of treatment. 
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C h a p t e r  6  

CONCLUSIONS AND OUTLOOKS 

 

The work in this thesis explored options for decentralized water and wastewater 

treatment. A newly designed heterojunction Ni-Sb-SnO2 (NAT/AT) electrode is cost-

effective for treating latrine wastewater while simultaneously achieving organic removal and 

pathogen inactivation. Detailed investigation into pharmaceutical degradation showed 

promising performance of NAT/AT in oxidizing both parent compounds and their 

transformation products. Together, the work in chapter 2 and 3 established NAT/AT as an 

economical and efficient method for treatment practices that is capable of large-scale 

implementation. Going beyond direct treatment applications, NAT/AT can facilitate another 

decentralized treatment option using the high oxidation state iron species ferrates by 

generating ferrates in-situ under circumneutral conditions, which has previously only been 

done using boron-doped diamond (BDD). In order to deal with the high concentration of 

ammonium often present in latrine wastewaters that is hard to remove electrochemically 

using NAT/AT or BDD, functionalized metal-organic frameworks (MOFs) were invoked. 

Modifications of MOF-808, a highly water-stable MOF, were designed and synthesized. By 

incorporating different functional groups onto the MOF-808 backbone, three different MOF 

materials can be used to achieve urea hydrolysis, ammonium capture, and real-time 

ammonium sensing in sequence. 

The work highlighted in this thesis also pointed toward several directions where further 

research could be conducted for enhanced understanding of the NAT/AT system and for 

better real-world treatment applications. First, results in chapter 2 showed that compounds 

with both fast and slow reaction rate constants with ozone could potentially be removed at 

fast rates, and a new mechanism for anodic ozone activation to hydroxyl radicals has been 

proposed to explain the acceleration effect. However, chapter 2 and 3 together showed that 

there are compounds that showed accelerated kinetics at NAT/AT, for example, gabapentin, 

ibuprofen, and fluconazole, and there are compounds that were not promoted by anodic 
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ozone activation include nitrobenzene, phenol, and atenolol. Upon initial examination, 

whether oxidation of a compound is promoted cannot be simply explained using the electron-

withdrawing/donating capacity of the ring substituent or the log Kow value of the target 

compound. Therefore, a more in-depth investigation, starting with a compilation of simple 

aromatic rings and common substituted benzenes for example, to determine the structure-

activity relationship could greatly improve our understanding of the ozone + hydroxyl radical 

NAT/AT system and help us predict its performance towards specific compounds of interest. 

Second, in chapter 2 and 3, for treatment of spiked pharmaceuticals in wastewaters, all 

pharmaceuticals were assumed to be completely dissolved, which may not be accurate in 

many cases. Investigation into the sorption behaviors of different compounds would give us 

a better understanding of their degradation in different waste streams. Another aspect to 

improve the NAT/AT system lies in extending the lifetime of the electrodes while 

maintaining their performance as best as possible. Like most SnO2-based anodes, NAT/AT 

suffers relatively short service life when compared to BDD. Though a combination of the 

heterojunction design and an increased number of dip-coating cycles can help increase its 

stability and lifetime, overall performance in terms of ozone and hydroxyl radical production 

drops with longer treatment time, which harms degradation efficiency especially for 

compounds whose removal relies upon ozone and/or anodic ozone activation. Further 

improvement in this aspect could therefore significantly enhance the practical applicability 

of NAT/AT in broader treatment scenarios. 
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